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ABSTRACT 
EFFECTS OF VEGETATED BUFFERS ON 
SALT MARSH PLANT COMPOSITION AND GROUNDWATER 
NITROGEN UPTAKE 
by 
Joanne S. Glode 
University of New Hampshire, December, 2008 
Vegetated shoreline buffers are a best management practice to reduce anthropogenic 
nitrogen influences on estuarine ecology. This study examined the effects of buffers on 1) 
groundwater chemistry; 2) the salt marsh border plant community (fertilized and control); and 3) 
Agropyron pungens response to fertilization. All buffer widths (5 to 15 meters) were somewhat 
effective at removing groundwater nutrients, with greater concentrations of TDN, NCV-N, NH/-
N, and DOC found in groundwater wells upslope of the buffer. Although on-site manure storage 
resulted in 30-fold greater groundwater nitrate concentrations (mean 23 mg/L) at the widest 
buffer, no differences were found in nitrate uptake rates between buffer widths. The manure 
storage confounded any buffer width effect and indicated potential nitrogen saturation of the 
widest buffer. 
Fertilization increased A. pungens leaf N content (N%; p<0.001); yet the response 
decreased with buffer width (r2 = 0.91). Buffered plots at two sites had greater species richness 
(+33%) and species diversity index values (+24%) than unbuffered plots. However, the inclusion 
of more sites in the study found no significant effect of buffer width, plant diversity, species 
richness or non-native species. Results suggest groundwater nitrogen interacts with buffers but 




Sources of Nitrogen to Coastal Ecosystems 
Land-derived nitrogen has been identified as the principal agent of change in coastal 
ecosystems (National Academy of Sciences 1994, Valiela et al. 2000). Nitrogen is typically the 
limiting nutrient in coastal systems and therefore has key control of primary production rates 
(Ryther & Dunstan 1971, Howarth 1988b, Howarth & Marino 2006, but see Elser et al. 2007). 
Many native estuarine species are adapted to low nitrogen conditions and the addition of nitrogen 
from anthropogenic sources has pronounced effects on species composition, diversity, and 
dynamics of estuarine ecosystems (Vitousek et al. 1997). As showcased by the growing hypoxic 
"dead zone" in the Gulf of Mexico (CERN 2000, Rabalais et al. 2002, Dagg et al. 2007) and the 
Chesapeake Bay Estuary (EPA 2000, Raloff, 2004) excessive nitrogen delivery to coastal waters 
can cause deleterious effects upon estuarine and marine ecosystems. These nitrogen-induced 
changes include increased frequency and severity of anoxic events (Hagy et al. 2004), increased 
biomass and growth of macroalgae (Valiela et al. 1997b), decreases in eelgrass (Short & Burdick 
1996) and changes in the benthic fauna (Valiela et al. 1992). 
The main sources of anthropogenic nitrogen to coastal systems are urban development, 
agriculture, and atmospheric deposition (Howarth 1988a). The main pathways that deliver 
anthropogenic nitrogen to coastal waters are surface water run-off, groundwater discharge, and 
wet and dry atmospheric deposition (Valiela et al. 1997). Urbanization of coastal watersheds has 
been linked to increases in nitrogen loading to coastal waters (Valiela et al. 1992). As an 
example, a nitrogen load model was used to demonstrate changes in nitrogen loading with 
changing land use in the Waquoit Bay watershed, MA (Bowen & Valiela 2001). The model 
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incorporates estimates of nitrogen loads from wastewater, fertilizer, and atmospheric deposition 
for different types of land uses and calculates losses of nitrogen from travel paths through the 
watershed (such as through soils, vadose zone, freshwater wetlands, etc.) (Valiela et al. 1997). 
Results for Waquoit Bay show that annual delivery of nitrogen to the estuary has more than 
doubled from 1938 to 1990. During this time period, land area occupied by natural vegetation or 
agricultural lands decreased, while housing and impervious surfaces substantially increased in the 
watershed. The number of houses in the watershed and the associated waste-water (from on-site 
septic systems) increased by a factor of more than twelve (Bowen & Valiela 2001). Increased 
food demand by rising human populations in urban coastal-watersheds has increased net food 
imports and inputs to coastal wastewater systems (Castro et al. 2003). Septic systems have been 
found to input an equivalent nitrogen load to shallow groundwater as intensively fertilized row 
crops, increasing shallow groundwater nitrogen concentrations by 50-100 times above 
background levels (Reay 2004). The land use changes documented from Waquoit Bay are 
happening throughout the coastal watersheds of New England (NOAA 2004, Sundquist & 
Stevens 1999, Van Breeman et al. 2002), including the watershed of Great Bay (NHEP 2006a). 
Commercial, residential, and industrial development is gradually replacing agriculture and natural 
lands as the primary land use in coastal watersheds and is resulting in increased nitrogen loads to 
downstream estuaries. 
Development pressures are increasing in coastal areas on the North Atlantic coast 
because abundant natural and economic resources make it an attractive place to live, work, 
recreate, or retire (Crossett et al. 2004). Seventy five percent of the US population lives within 
100km of the coast (Chambers et al., 1999), and NOAA projects a 60% increase in population of 
these coastal areas between 1990 and 2010. The northeast is the most populated coastal region in 
the US, and population density has increased by 20% since 1980. From 2003 to 2008, the 
northeast coastal population is expected to increase by approximately 1.7 million people (Crossett 
et al. 2004). The clear link between development in the coastal watershed and eutrophication has 
northeastern coastal land managers concerned about long-term changes to coastal ecosystems. 
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The benefit of increased crop yields associated with fertilizer application has increased 
agriculture nitrogen inputs worldwide. Additionally, the rising global population is resulting in 
both a loss in arable land to development and an increased demand on arable land for higher food 
yields. Therefore, much of the rise in the demand for nitrogen fertilizer has come from the basic 
nutritional requirement of a rapidly expanding human population (Nixon 1995). Over 85% of 
commercially fixed nitrogen goes into the production of fertilizer. In the US, the production and 
application of nitrogen fertilizer has grown exponentially since 1940 and a continued increase in 
fertilizer application is expected (Vitousek et al. 1997). Nitrogen fertilizer applications to the 
land surface have increased 20-fold since 1945 (Puckett 1995) and four-fold since 1960 (Howarth 
et al. 2002) and has accounted for up to 60% of net nitrogen inputs to land in the US in recent 
decades (Nixon 1995). 
Global increases in emissions from the combustion of fossil fuels and accelerating 
industrial and agricultural discharges of N-containing aerosols, gases, and airborne particles are 
increasing nitrogen loads to coastal waters by 10-50%, with atmospheric deposition rates 
correlating to increases in population density (Paerl 1993). Atmospheric NOx emissions have 
risen sharply with the post-World War II industrialization of developed nations and the popularity 
of automobiles (Nixon 1995). Atmospheric nitrogen delivery to coastal waters can be direct 
(deposition into lakes, rivers or coastal waters) or indirect (deposition onto land in the watershed 
and subsequent delivery to downstream habitats). Therefore, it is difficult to estimate the quantity 
of atmospheric nitrogen ultimately received by coastal waters (Paerl 1993). 
Human activities in the northeastern US region have increased riverine nitrogen exports 
to the Atlantic Ocean by an estimated 800% above reference (uninhabited) watersheds (Howarth 
1988a). In general, the main single source of nitrogen to northeastern coastal watersheds is 
atmospheric deposition (31%) (Howarth 1988a, Boyer et al. 2002). Due to prevailing wind 
patterns, the northeast region receives not only local industrial emissions, but also the majority of 
emissions from automobile and coal-fired power plants in the midwestern US (Fisher & 
Oppenheimer 1991, Howarth et al. 1996). Population density has increased in all the New 
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England coastal watersheds at the expense of forested and agricultural lands and has resulted in 
an increase in total N-inputs to coastal waters (Boyer et al. 2002). The combination of all 
agricultural practices (feed & food imports, fertilizers, N-fixation) represent the largest total 
source of nitrogen to northeastern coastal watersheds (64%) with the specific N-source depending 
on the predominance of agricultural or urban land in the watershed (Van Breenan et al. 2002, 
Boyer et al. 2002). In the most densely populated New England coastal watersheds, the main 
source of nitrogen is from food imports and consequent animal waste; whereas in agricultural 
watersheds the combination of fertilizer, feed import, and N-fixation of agricultural crops is the 
main source of nitrogen. In all the northeastern coastal watersheds animal and human food 
demands exceed food production, therefore, food and feed imports from other regions represent a 
significant proportion of the N-budget (Boyer et al. 2002). Although the majority of nitrogen 
inputs to coastal watersheds are taken up by plant material, immobilized in the soil, volatilized, or 
converted to N2 gas by denitrifying bacteria (Castro et al. 2003) on average, 20% of all 
anthropogenic inputs to the northeastern region are directly lost to the North Atlantic (Van 
Breemen et al. 2002, Boyer et al. 2002, Nixon 1995). 
Groundwater Delivery of Anthropogenic Nitrogen to Estuaries 
Nutrients can be delivered to coastal waters through surface or subsurface pathways. 
The separation of water between the two pathways depends primarily on soil and rainfall 
properties within the coastal watershed. Surface water run-off will dominate in watersheds with 
high percentages of impermeable surfaces, soils with poor drainage properties, or steep slopes. 
Conversely, groundwater infiltration becomes important in areas with permeable, well drained 
soils. Surface water runoff tends to be high in sediments and sediment-bound nutrients; whereas 
water following a path of infiltration and subsurface flow to groundwater can bring with it 
dissolved nutrients, such as nitrate (N03). 
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Excess nutrients can enter coastal waters through submarine groundwater discharge. 
Discharge of groundwater into the marine and estuarine environment is widespread; it occurs 
anywhere that an aquifer is connected hydraulically with the sea through permeable sediments or 
rocks or where the aquifer head is above sea level (Paytan et al. 2006). However, the location of 
shoreline groundwater discharge tends to be highly variable and dependant on differences in soil 
type, porosity, and particle size (Fear et al. 2007). The preferred pathways tend to follow 
permeable sandy deposits which may be released at terrestrial, intertidal, or subtidal groundwater 
discharge sites (Portnoy et al. 1988). In the mid-Atlantic and northeastern USA, groundwater 
discharge to estuaries can occur within a zone extending up to 100m seaward of the mean tide 
line with discharge rates declining with distance from shore (Harvey & Odum 1990). Estuarine 
studies have found most groundwater discharge to occur in a narrow band within 10m of the 
lower salt marsh edge (Valiela et al. 2002, Bowen et al. 2007, Staver & Brinsfield 1996). In 
general, the seepage sites tend to be associated with intertidal flats, salt marshes, and the near-
shore environment (Harvey & Odum 1990, Hemond & Fifield 1982, Portnoy et al. 1998). 
Where soil characteristics in the watershed favor infiltration over surface water run-off, 
groundwater discharge can be the dominant nitrogen source for estuaries (Johannes 1980). 
Infrared-thermal imagery, seepage chambers, and piezometers have been used to quantify 
groundwater discharge rates into estuaries. The highly permeable coarse-textured sand of the 
northeastern coastal plain promotes rapid infiltration of precipitation into the groundwater. 
Groundwater studies of Cape Cod, Chesapeake Bay, and Rhode Island have found surface water 
run-off to be negligible and most excess precipitation to be discharged into coastal waters through 
subsurface flow (Staver & Brinsfield 1996, Tobias et al. 2001, Harvey & Odum 1990, Short et al. 
1996). Submarine groundwater discharge, common also to the Great Bay Estuary, has also been 
found to be one of the main sources of anthropogenic-N to the New Hampshire coastal system 
(Roseen 2002). Coincident with rising populations in coastal areas, groundwater has been 
identified as a major source of nitrogen to these coastal plain systems (Valiela et al. 1992, Bowen 
et al. 2007, Portnoy et al. 1998). 
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Variation in the proportion of naturally occurring nitrogen isotopes ( N and N) has 
been used to identify the source of nitrate-N contributions in groundwater. Groundwater N03" 
originating from atmospheric deposition has moderate 15N values (+2 to +8 700). Due to the 
mechanism of fertilizer production, NO3* from synthetic fertilizers has low 15N values (-3 to +3 
700). Microbial processes acting on wastewater N03 from animal and human sources removes 
14N at a faster rate than 13N and results in much higher 15N values (+10 to +22 700) (Krietler & 
Browning 1983). Therefore, the ratio of ,5N/14N can be used to identify the source of nitrate 
pollution to groundwater. Studies have found highly developed watersheds to have increased 
amounts of the heavy 5N isotope in estuarine primary producers (such as eelgrass) due to their 
uptake of contaminated groundwater. Consequently, the 15N isotopic signature has been 
determined to be a good indicator of wastewater pollution to estuaries and to provide 
unambiguous evidence for the direct effect of land-derived nitrogen on responses in marine 
productivity (McClelland & Valiela 1998, McClelland et al. 1997). 
Recent studies have demonstrated a lag-time between fertilization events and nitrogen 
delivery to coastal waters at groundwater seeps. An age gradient was found to account for 
differences in groundwater nitrate concentrations at groundwater sampling stations in Minnesota 
(Puckett et al. 2002). Additionally, older groundwater in deep aquifers are discharging at deeper 
elevations or mixing with newer polluted groundwater and diluting nutrient concentrations 
recorded at the seepage face. In time, the concentrations of nutrients in deeper groundwater will 
increase and will no longer function to mediate the pulse of new nutrient additions (Tesoriero et 
al. 2007). Therefore, the nitrogen concentrations in today's groundwater seeps reflect previous 
land management activities. Due to increases in residential development, fertilization, and 
atmospheric deposition in the coastal watersheds of New England, groundwater nitrogen 
concentrations can be expected to continue to rise as nitrogen contributions from modern land 
management have a greater influence on nutrient concentration in groundwater actively 
discharging into coastal waters. 
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Near shore land-uses have been found to have a significantly greater impact on coastal 
nitrogen load than watershed-wide land uses (Cole et al. 2006). A nitrogen source with a longer 
travel path before reaching coastal waters has a greater opportunity for plant uptake, microbial 
processing, or soil storage (Valiela et al. 1997, Pabich et al. 2001). On average, estuarine 
watersheds have been found to retain 57% of the total anthropogenic nitrogen inputs (Castro et al. 
2003). Conversely, nitrogen being applied to lands within the near-shore environment can quickly 
follow travel paths to coastal systems such as salt marshes. Near-shore residential development 
was found to increase nitrate concentrations at groundwater seeps in the Nauset Estuary in 
Massachusetts by 10-50 times. Contaminated groundwater was found to by-pass biologically 
active salt marsh peats and instead pass through sandy soils with conditions unsuitable for 
denitrification. Therefore, it was determined that little if any nitrate reduction was occurring 
(Portnoy et al. 1998). In Narragansett Bay, stable isotope work has identified species on the 
upland edge of salt marshes to be influenced to a greater degree by near-shore nutrient 
management than watershed-wide N-inputs (Wigand et al. 2007). Therefore, near-shore land 
management activities that will allow for greater nitrogen retention are strongly encouraged and 
recognized as having a disproportionately positive impact on water quality than watershed-wide 
changes in land uses (Cole et al. 2006). 
Vegetated Buffers: Functions and Limitations 
Buffers of natural vegetation are recommended as a best management practice to reduce 
sediments, nutrients, and anthropogenic disturbances associated with various near shore land uses 
from impacting aquatic systems (Chase et al. 1995). The EPA defines a vegetated buffer as a 
vegetated area, including trees, shrubs, and herbaceous vegetation, that exists or is established to 
protect a stream system, lake, reservoir, or coastal estuarine area (EPA 2007), and promotes their 
utility for coastal water quality protection (EPA 2006). Vegetated buffers have diverse biological, 
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chemical, and physical properties that provide numerous benefits to water quality and wildlife 
habitat (Table 1). 
However, not all vegetated buffers function equally. For example, physical nutrient 
removal is primarily through trapping and filtering of sediments with sediment-bound nutrients 
removed by vegetation, roots, and leaf litter. Roots also promote the infiltration of surface water 
into the soil and further increase the buffer's ability to assimilate any sediment-bound or soluble 
nutrients (Lyons et al. 2000). However, slope, roughness, vegetation type, and sediment texture 
in the surface water all affect the physical ability of the buffer to retain pollutants. Therefore, the 
effectiveness of a vegetated buffer depends on many diverse variables that will vary at the site or 
watershed scale (Table 2). 
There are two main biological processes that remove nitrogen from the subsurface water 
flowing through a vegetated buffer: plant uptake and microbial denitrification (Figure 1). Each 
process is highly dependent on specific dynamic seasonal conditions as well as specific physical 
and chemical site properties. 
Denitrification is the microbial process by which gaseous nitrogen (N2, N20, or NO) is 
produced from fixed N (N02 or NO3). It is classically defined as the microbial oxidation of 
organic matter in which nitrate or nitrite is the terminal electron acceptor. Bacteria capable of 
denitrification are ubiquitous, but require conditions with low oxygen, available organic matter, 
and nitrate or nitrite. Denitrification generally occurs at oxygen concentrations below 0.2mg/L 
(Seitzinger et al., 2006). 
The top 60cm of riparian soil has been found to support the highest rates of 
denitrification, with 88% of denitrification potential in the top 2cm of soil (Lowrance 1992). Soil 
is ideal for denitrification if it has high organic matter (litter), seasonal water-logging, and large 
inputs of N03" in subsurface flow. These conditions are frequently met in riparian soils, but have 
not been found to be maintained year-round, resulting in seasonal shifts in denitrification rates. 
Pinay, Roques & Fabre (1993) found denitrification rates to be highest in winter and spring and 
lowest in the summer, corresponding to times of high and low water table respectively. 
8 
Furthermore, denitrification rates have been found to significantly vary on a smaller spatial scale 
due to differing slopes, soils, moisture etc. within a site (Hubbard & Lowrance 1997). 
Plant uptake can result in significant nitrogen removal from groundwater flowing through 
a vegetated buffer during the growing season (Jordan et al. 1993, Lowrance 1992, Peterjohn & 
Correll 1984). There is much discussion in the literature concerning the importance of nitrogen 
removal by plant uptake (Lowrance 1992, Lowrance et al. 1994) and denitrification (Verchot et 
al. 1997) by buffers. It is clear that both processes play some role in the retention process, with 
the changing chemical, physical, and biological properties of a site determining which process is 
favored at one point in time. 
Studies have used dissolved organic carbon (DOC), Eh, and denitrifying enzyme (DEA) 
concentrations to measure conditions appropriate for denitrification and denitrification rates. 
Denitrification rates have been found to slow if sites are limited by DOC (Duff et al. 2007, 
Haycock & Pinay 1993, Pabich et al. 2001), high levels of dissolved oxygen (Duff et al. 2007), 
and low levels of nitrate (Pinay, Roques, & Fabre 1993, Pinay & Deschamps 1988). 
Not all nitrogen applied to a watershed as fertilizer will reach surface water either as run-
off or through groundwater seeps, as denitrification can often convert much of this nitrogen to 
gaseous N2 and plant uptake can further remove and store much of the nitrogen as organic forms. 
Additionally in systems rich in organic fertilizer, NFL,+ can be volatilized as NH3 in decaying 
manure and plant material (Figure 1). Valiela et al. (1997) reported as little as 20% of the 
nitrogen added to a coastal watershed on Cape Cod reached downstream habitats. Peterjohn & 
Correll (1984) followed nitrogen fertilizer in an agricultural watershed in Rhode Island and found 
28% to be taken up by corn plants and exported from the system in harvested kernels. 
Furthermore, they found the riparian forest downslope from the corn fields to remove 89% of the 
nitrogen it received in shallow sub-surface water and surface water run-off through denitrification 
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manure as NH3 
Atmospheric deposition 
of NH4+, N03-, and NOx 
on watershed 
' • • • *»^«"'«I« s t \ c « * « a * *»SB«»«i» ^a\0«*IZ« *a\««f»2« *»\««*'»1« * E\« 
MB JUS,.™-! MLI+ Decomposition of organic material in ag land and 
4 buffer and mineralization of organic-N to NH4+ 
Nitrification of NH4+ by soil bacteria creates 
NHi^.v •••. NO* N^ 3 - ' a highly mobile form of N available for 
NO;* 
plant uptake but also susceptible to loss by 
surface water runoff 
N Denitrification of N03- by soil bacteria in anoxic 2
 soils of buffer releases N2 gas to the atmosphere 
® Plant uptake of N03- moving through shallow groundwater and interacting with plant roots in 
buffer zone 
Figure 1. Nitrogen inputs, cycling, and movement through buffer zone. 
Non-point sources of pollution are cryptic, diffuse, and difficult to study. They include 
inputs from current and historical agricultural land uses, septic systems, and lawn fertilizer. 
Vegetated buffers are recommended as a means to reduce pollutants entering rivers and estuaries 
from non-point sources. However, the site specific nature of many of the controlling factors 
influencing buffer effectiveness contributes to a large variability in pollution control effectiveness 
(Verchot, et al. 1997, Hickey & Doran 2004). Therefore, a buffer cannot be expected to eliminate 
the effects of poor land management practices (Desbonnet et al. 1994). 
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Groundwater - Salt Marsh Interactions 
Salt marshes are often present at the border between estuarine and terrestrial habitats. 
Since many anthropogenically-derived nutrients are transported by surface and groundwater, 
there is interest in the interaction between salt marshes and upslope freshwater inputs. Marsh 
pore water can come from many sources: groundwater discharge from a shoreline aquifer; 
infiltration by flooding tidal waters; and infiltration from precipitation. Marsh pore water can 
leave the marsh through two pathways: pore water drainage or evapotranspiration (Harvey & 
Odum 1990). 
The movement of water through salt marsh peat has been studied by some researchers, 
although the process is still not well understood. Measuring the flow of water through porous salt 
marsh peat is challenging because it can vary continuously with tidal stage, and because the 
mechanism of peat formation results in unequal horizontal and vertical permeabilities (Hemond & 
Fifield 1982, Staver & Brinsfield 1996, Portnoy et al. 1998, Tobias et al. 2001). Some studies 
have found salt marsh peats tend to have low permeability and force most discharge to occur 
either landward or seaward of the salt marsh zone (Harvey & Odum 1990). Impermeability of 
salt marsh peat was also shown through dye studies by Nestler et al. (1977). Thermal-infrared 
imagery was used by Portnoy et al. (1988) to find that groundwater discharge primarily occurs 
seaward of the salt marshes on Cape Cod. They concluded that groundwater was forced below 
impermeable marsh peat into more permeable substrate (Figure 2). 
Other studies have found water movement through salt marsh peat, and linked the control 
of this movement to seasonal shifts between groundwater pulses and evapotranspiration (Tobias 
et al. 2001, Hemond & Fifield 1982). Through salt balance and Darcy's law calculation, Tobias et 
al. (2001) looked at hydraulic gradients in an Eastern Virginian salt marsh throughout an entire 
year. In the Virginia system, groundwater discharge peaked in spring (April) and was lowest in 
fall (September). Horizontal movement through the marsh peat corresponded to groundwater 
flow patterns with greater rates during high flow periods in spring. Similar to Hemond & Fifield, 
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they found substantial upward flow of groundwater in the growing season during the times of 
high evapotranspiration and less groundwater flow. Therefore, they concluded that discharge 
shifts from being horizontally dominated during the high groundwater flow events of spring, to 
vertically dominated in the summer when there is low groundwater flow and increased rates of 
evapotranspiration (Tobias et al. 2001) (Figure 2). 
Submarine Groundwater Discharge 
Potential Pathways of Groundwater Movement 
A Groundwater is forced up at landward edge of dense salt marsh peats forming a freshwater seep 
B Large spring pulses of groundwater flow through salt marsh peats 
C Groundwater is forced down below peats and is discharged seaward of salt marsh in subtidal areas 
D Groundwater is drawn up through peats during growing season due to evapotranspiration 
Figure 2. Freshwater and groundwater inputs to a salt marsh, and potential pathways of 
groundwater movement in and around salt marsh peats. 
Salt marshes themselves can function as important buffers to estuarine waters by 
maintaining water quality through nutrient uptake and denitrification. Recent studies in Rhode 
Island salt marshes looked at relationships between denitrification enzyme activity (DEA) within 
salt marshes and watershed nitrogen-loading to determine the buffering ability of salt marshes in 
estuaries with differing percentages of near-shore (200m) residential land use. Increases in salt 
marsh DEA was found to significantly correlate with watershed-wide nitrogen load and increases 
in residential land use within 200m of the coastal shore. Therefore, salt marshes appear to be a 
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sink for near-shore derived anthropogenic nitrogen sources and can respond to increased 
nitrogen-loading by increasing denitrification rates (Wigand et al. 2004). Although no sign of 
nitrogen saturation was noted in the Rhode Island marshes, it is likely that there is an upper limit 
to the quantity of nitrogen that a salt marsh can process through denitrification and plant uptake. 
Additionally, increased nitrogen loads to salt marshes have been linked to changes in the native 
plant community and establishment of non-native plants (Wigand et al. 2003, Silliman & 
Bertness 2004). Therefore, management actions to preserve or increase buffers of natural 
vegetation on shorelines are encouraged by scientists as a means to increase the long-term 
buffering ability of the salt marshes and to preserve the native salt marsh plant community 
(Wigand et al. 2003, Bertness et al. 2002, Wigand et al. 2004). 
Eutrophication Induced Changes to a Salt Marsh Plant Community 
The community structure of salt marsh vegetation is defined by plant competition and 
strong physical gradients of stressors and resources. Well defined zones of clonal perennial 
species are characteristic of salt marshes (Bertness & Ellison 1987). Smooth cordgrass (Spartina 
alterniflora, Loisel.) dominates the low salt marsh which occupies the lowest elevation in a salt 
marsh and is flooded twice daily by tides. Smooth cordgrass can tolerate the frequent 
anoxia/flooding stress in the low marsh, but is competitively excluded from the high marsh by 
salt hay {Spartinapatens, (Ait.) Muhl.) (Bertness 1991a, Emery et al. 2001). Salt hay, spike grass 
(Distichlis spicata, (L.) Greene), and black rush (Juncus gerardii, Oakes & Tuckerman) occur in 
the high marsh, an area extending from approximately mean high tide to the salt marsh/upland 
edge. The stresses of water logging and salinity prevent these high marsh species from 
competing effectively with smooth cordgrass in the low marsh (Levine et al. 1998, Emery et al. 
2001). However, salt hay can tolerate anoxia and salt stresses greater than black rush resulting in 
further zonation within the high marsh, with black rush found at higher elevations (Bertness 
1991b). Pannes, areas in the high marsh where water collects and sits, are highly saline 
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environments with waterlogged, anaerobic peat substrate. These areas are often dominated by the 
short form of smooth cord-grass {Spartina alterniflord). Salt hay {Spartina patens) has recently 
been found to support mycorrhizal fungi. The fungal symbionts fixing nitrogen in the roots of S. 
patens perhaps make it a superior competitor in the high marsh (Burke et al. 2002). 
Nitrogen fertilization and near shore residential development has been found to disrupt 
the natural competitive balances between the dominant salt marsh species (Minchinton & 
Bertness 2003, Emery et al. 2001). Through fertilization experiments, nitrogen additions have 
been found to influence the expansion of smooth cordgrass from the low marsh edge and the 
expansion of the invasive exotic variety of Phragmites australis ((Cav.) Trin ex Steud.) from the 
upland edge into the high marsh reducing the abundance of S. patens and overall species diversity 
(Bertness et al. 2002). 
Phragmites expansion onto the marsh plain is of great concern because it has the ability 
to alter marsh structure and function in many ways (Burdick & Konisky 2003). Phragmites can 
reduce flooding, increase sediment elevation, increase soil oxidation, and reduce sulfides which 
feed back to promote rapid expansion of Phragmites as the stresses associated with tidal flooding 
are reduced (Burdick & Konisky 2003, Bart & Hartmann 2003, Lathrop et al. 2003, Chambers et 
al. 2003). Although Phragmites is able to tolerate the high salinities associated with the low salt 
marsh (Burdick et al. 2001), it is most commonly established in the ecotone between the high 
marsh and the upland, especially following a disturbance to the natural system (Minchinton & 
Bertness 2003). Phragmites has been found to be especially evident in marshes with greater than 
50% of their upland border developed (Bertness et al. 2002). 
A study of salt marshes in Narragansett Bay, RI found an increase in available nitrogen, 
decrease in salinity, and increase in Phragmites dominance with increased shoreline development 
(Silliman & Bertness 2004). Silliman & Bertness (2004) documented a three-fold decrease in 
plant species richness at highly developed shorelines. They hypothesize that sites without upland 
buffers facilitate Phragmites invasion by reducing salinity and nitrogen stress thus ameliorating 
sites for its establishment. The lack of buffer is assumed to allow greater nitrogen and freshwater 
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delivery to the marsh due to reduced interception of surface water and groundwater by natural 
vegetation. Near-shore land use was found to have a major influence on nitrate delivery to 
estuaries. Nitrate loads from groundwater seepage zones in the estuaries of Cape Cod and 
Narragansett Bay were found to be principally influenced by land use within 200m of the coastal 
shoreline (Cole et al. 2006). Therefore, near-shore vegetation may play an important role in 
reducing nitrogen delivery to salt marshes by surface and groundwater flow paths and also in 
preventing changes in the salt marsh plant community. 
Additionally, Wigand et al. (2007) examined proportions of the stable isotope 14N/15N in 
plants growing on the upland edge of New England salt marshes in the absence and presence of 
vegetated buffers. They found the N-isotope ratios of plants at the salt marsh edge (Iva frutescens 
L. and Phragmites) to correlate well with the N-isotope ratio of local (as opposed to watershed 
dominant) nitrogen sources. Additionally, they found 15N levels in Phragmites tissue from 
unbuffered salt marshes adjacent to residential land use to have significantly more 15N than 
Phragmites tissue from buffered salt marshes. They interpreted the high 15N as increased delivery 
of wastewater nitrogen from nearby septic systems to the abutting salt marsh due to the lack of 
buffer. 
Great Bay Site Description 
The Great Bay Estuary is located in southeast NH (70°52'28.93"W, 43°4'38.75"N). It 
occupies 44km2 and has over 240 km of tidal shoreline. The Great Bay Estuary is the most 
recessed estuary on the northeast coast and sea water travels more than 8km up the Pisacataqua 
River from the Gulf of Maine to reach a series of embayments ending with Great Bay (Figure 3). 
Due to its recessed location, the residence time of water and nutrients in the estuary can 
be quite long (averaging 18 days) and tidal exchange with the ocean is slow (Short 1992). The 
Great Bay Estuary is shallow, with a mean depth of 2m at low tide, and 4m at high tide. At low 
tide, more than half of the Bay bottom is exposed as intertidal mud flats. Five rivers flow into 
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Great and Little Bays and are the principal contributors of freshwater and nutrients to the 
estuarine system (NHEP 2006, Short 1992). 
The estuary is an important breeding, feeding, and nesting area for many species of 
migratory waterfowl and shorebirds. Additionally, it provides important habitat for lobsters, 
striped bass, oysters, clams, bluefish, eels, alewife, rainbow smelt, and many other species of 
anadromous and commercial fish (Short 1992). Almost the entire perimeter of Great Bay is 
vegetated with a fringe of salt marsh. Expanses of high and low salt marsh occur on the tidal 
shores of the five main rivers and at most river mouths on the estuary. 
Figure 3. 2006 aerial photo of the Great Bay Estuary. 
The Great Bay estuarine basin is formed of three main types of eroded bedrock. The 
Kittery and Eliot Formations meet along a north-south contact which extends under Great and 
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Little Bays, and the Rye Formation is found in the lower Piscataqua River. The bedrock in the 
region underwent extensive structural deformation during the Acadian Orogeny, an era of 
tectonic activity resulting from the Taconic and Avalonia island arcs colliding with North 
America approximately 400 million years ago (Billings 1980). Consequently, the bedrock, which 
forms frequent outcrops around the estuary, is extensively jointed and has numerous faults (Short 
1992). 
The surficial geology and sediments in the estuary basin are the result of the latest 
glaciation event. The retreat of the glacier exposed eroded bedrock, deposited unsorted till and 
formed stratified drift deposits of well-sorted coarse grained sand, silts, and gravel. The immense 
weight on the ice depressed the earth's crust resulting in the region being flooded by sea water for 
several thousand years until it slowly rebounded. Soil cores reveal a thick layer of marine clay 
that was deposited over the glacial deposits during the time the area was submerged which is 
referred to as the Presumpscot Formation. Since the rebound, sand, silt, and mud sediments have 
accumulated over the marine clays (Short 1992). 
The difference in soil types in the watershed affects both groundwater discharge as well 
as infiltration rates around the Bay (Roseen 2002). The well-sorted stratified drift deposits are 
well drained whereas, the unsorted till deposits generally have low transmissivity. (Mack et al. 
2002). However where shallow bedrock or marine clay layers exist, downward groundwater 
movement is prevented, resulting in a shallow aquaclude on which the groundwater is perched 
(Roseen et al. 2003). Therefore, unlike studies from Cape Cod, MA and Narragansett Bay, RI, 
groundwater discharge in the Great Bay Estuary has not been found to be ubiquitous around the 
shoreline, but to occur in discrete zones of coarse drift and till deposits widely scattered within 
the tidal zone (Roseen 2002). 
New Hampshire has only 18 miles of shoreline, yet 22% of the New Hampshire 
population lives in the coastal area. New Hampshire is the fastest growing state in the northeast, 
and the greatest growth rates are occurring in the two southeastern counties that include NH's 
entire coastline and the watershed of the Great Bay estuary (Sundquist & Stevens 1999). In the 
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past 40 years the population of NH's coastal counties has increased by 148% to 389, 592 people. 
This growth rate is 6-times the rate reported from similar northeastern coastal watersheds 
(EPA/NEP 2007). The increased growth in the NH coastal watershed is coincident with an 
increase in impervious surfaces. Impervious surfaces have increased from 0.15acres/person in 
1990 to 0.20acres/person in 2000, and several subwatersheds draining into Great Bay have 
recently exceeded the 10% impervious surface threshold that has been linked elsewhere to a 
decline in surface water quality and macroinvertebrate diversity (NHEP 2006a, Deacon et al. 
2005). The estuary and the lower reaches of the main tributaries to the estuary are all identified by 
the EPA to be on NH's 303(d) list of impaired waters. Waters identified on this list are 
threatened by pollutant concentrations; not expected to meet water quality standards within a 
reasonable time of best management practices for point and non-point sources of pollutants; and 
require the development of a Total Maximum Daily Load (TMDL) study (NH DES 2004a). The 
main pollutants driving the impaired classification of the Great Bay Estuary are polychlorinated 
biphenyls, dioxins, and fecal coliform and principally affect fish consumption, recreation, and 
shellfishing in the estuary (NH DES 2004b). Additionally, the increasing trend in DIN load, 
increasingly frequent incidents of low dissolved oxygen levels reported from tidal rivers, and 
increases in impervious surfaces have been identified as cautionary or negative trends with 
potential to cause deleterious impacts to NH's estuarine ecosystems if they continue at their 
current projections (NHEP 2006a). 
Dissolved inorganic nitrogen (DIN) concentrations in the Great Bay Estuary have 
increased by 59% in the last 25 years (NHEP 2006a). Currently, approximately 1,000 tons of 
nitrogen are delivered annually to the Great Bay estuary by point sources (wastewater treatment 
facilities) and non-point sources combined (NHEP 2006b). Recent improvements to some 
wastewater treatment facilities in the coastal watershed have reduced point-source nitrogen inputs 
from wastewater effluent to the estuary (Bolster et al. 2003, NHEP 2000b). However, increased 
loading from rising populations and residential development is offsetting the improvements to the 
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waste water treatment facilities; therefore, non-point sources are considered to be responsible for 
the increasing trend in nitrogen load (NHEP 2000b). 
Five rivers deliver the majority of freshwater to the estuary. Non-point and point sources 
(excluding waste water treatment facilities) within the watersheds of these five rivers accounts for 
62% of the nitrogen input to the estuary. An additional 11% of the total nitrogen inputs to the 
estuary are received from direct run-off and non-point sources on the estuary shore. Therefore, 
non-point sources are believed to account for 73% of the total nitrogen inputs to Great Bay 
(Figure 4). The most common anthropogenic non-point sources of nitrogen in the Great Bay 
system are from urban and agricultural runoff, stormwater conduits, septic systems, and lawn 
fertilizers (NHEP 2006a). 
A 
Tributaries , « H 
62% ^ 
rWWTF, 19% 
^ ~ - - Groundwater, 
1 V 4% 
W^*z^---\_ Atmospheric 
H t J Deposition, 4% 
B E g i / NPS Direct 
* ^ ^ ^ *- Discharge, 
11% 
Figure 4. Percent contribution of total nitrogen load to the Great Bay Estuary by the major 
sources in the watershed. Adapted from NHEP (2006a). 
Roseen (2002) used piezometers and infrared-thermal imagery to quantify the amount of 
groundwater entering the Great Bay estuary and the concentration of nitrogen it delivered to the 
estuary. Groundwater discharge was found to be located either above or below the salt marsh 
peat, with most discharge zones occurring in the intertidal and subtidal zone on the seaward side 
and below the peat of the fringing salt marshes. One hundred and sixty five discharge zones were 
identified around the Great Bay and the groundwater discharge rate was calculated at 24.2 cubic 
feet/second. Direct groundwater discharge into the estuary was determined to be 2.5% of the 
total average riverine freshwater flow to Great Bay. Additionally, they found groundwater 
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discharge to contribute 19 of the 737 tons of nitrogen Great Bay receives on an annual basis, or 
approximately 3% of the total nitrogen load to the Bay (Roseen 2002). Elevated levels of 
dissolved inorganic nitrogen (0.8 - 2.7mg/L DIN) (as nitrate and nitrite) in groundwater wells was 
found to be widespread and correlated with nearby residential or agricultural land use. Roseen 
(2002) did not measure groundwater discharge into the rivers or deep submarine groundwater 
discharge into the estuary. Therefore, these groundwater discharge estimates are very 
conservative. 
The nitrogen load model previously discussed to determine nitrogen inputs to Waquoit 
Bay, MA (NLM, Valiela et al. 1997) was used to estimate nitrogen inputs to Great Bay, NH. 
This model concluded similarly, that 73% of the nitrogen entering the Great Bay Estuary is from 
non-point sources, with the primary contributions predicted to be coming from lawn and agro 
fertilizers (28%), septic systems (14%), and atmospheric deposition on the watershed (31%) 
(Valiela et al. 2002). 
Similar to many northeastern estuaries, land use within th e Great Bay watershed is 
shifting from agricultural and natural uses to urban development. The increase in residential 
development in the watershed is likely linked to the rising nitrogen concentrations in the estuary 
(NHEP 2000b). Most towns in the Great Bay watershed have limited areas serviced by municipal 
sewer lines. Therefore, residents outside of city and town centers have individual septic systems. 
Several studies conducted elsewhere in the northeast have documented increases in coastal water 
nitrogen level (Reay 2004), increased nitrogen loads (Cole et al. 2006), increased nitrogen 
concentrations in groundwater seepage-faces (Portnoy et al. 1998), increased growth of 
macroalgae (McClelland et al. 1997), and decreases in eelgrass (Short et al. 1996, Short & 
Burdick 1996) in response to increases in near-coastal residential development. Septic systems 
are suspected as the primary source of nitrogen inputs to these urbanized estuaries where the 
well-drained sandy soils of the coastal plain result in rapid delivery of nitrate to groundwater 
(Valiela et al. 1997, Reay 2004, Cole et al. 2006). It appears that groundwater discharge is not as 
influential on nitrogen loads to the Great Bay estuary as other well studied estuaries along the 
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eastern coastal plain (Roseen 2002). However, the groundwater discharge points documented 
around the estuary are likely to increase in nitrate delivery due to the changing land use in the 
watershed. Natural vegetated buffers of variable widths exist between human land uses and salt 
marshes around the Great Bay shoreline. These buffers provide habitat, filter nutrients, and 
prevent erosion. The land use history of the Great Bay watershed is likely driving the past and 
present pattern of buffers found around the Bay. As residential land is replacing much of our 
agricultural and forested land, the functions of natural vegetated buffers is becoming increasingly 
important in maintaining the health of the Great Bay system. 
Hypotheses 
In this study I investigated the role of vegetated buffers in reducing groundwater nitrogen 
concentration and in influencing the species assemblage on the upper edge of adjacent salt marsh 
(upland border community). The salt marshes around Great Bay are immediately down-slope 
from either natural vegetation (buffer) or a variety of near-shore land uses (no buffer). The width 
of buffer between a land use and a salt marsh may contribute to the ability of the buffer to protect 
the salt marsh from anthropogenic disturbances. The plant species in the upland border 
community are the first to encounter any upslope anthropogenic nitrogen delivered to a marsh, 
and should be the first species to react to changes in nutrient regimes. This ecotone between 
upland and salt marsh also happens to be the most species-diverse area of a salt marsh because of 
reduced flooding and salinity stresses, and of principle concern for maintaining floristic species 
diversity at a site. This study attempts to identify patterns in the upland border community that 
relate to different widths of vegetated buffers and nutrient levels in the Great Bay Estuary of New 
Hampshire. 
It is clear that the upland edge of salt marshes can respond to changes in human activities 
and land management in the adjacent upland. Many salt marsh studies recommend the use of 
vegetated buffers to reduce the impact of these human activities on the salt marsh system (Cole et 
al. 2006, Silliman & Bertness 2003, Bertness et al. 2002); however, these authors make many 
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assumptions regarding the driving factors and indicators of change. This study attempts to 
determine if vegetated buffers adjacent to salt marshes are reducing nitrogen concentrations in 
groundwater before it reaches the marsh community. Additionally, this study attempts to 
document differences in nitrogen available to a plant species in the upland border community 
with and without buffers. Lastly, this study attempts to identify a plant community response 
(other than invasion by Phragmites) that may be used as an indicator of excess nitrogen inputs to 
salt marsh sites lacking buffers of natural vegetation. 
Table 3. Summary of null hypotheses tested within each chapter. 
Chapter 
II. Buffer width and groundwater 
chemistry 
III. Fertilization, buffer width, 
and A. pungens response 
III. Fertilization, buffer width, and 
A. pungens response 
III. Fertilization, buffer width, and 
the upland border community 
III. Fertilization, buffer width, and 
the upland border community 
IV. Upland border community and 
buffer width 
Null Hypothesis 
Buffer width has no effect on groundwater nutrient 
concentrations entering estuarine environment. 
Fertilization will have no effect on the percent of 
nitrogen in Agropyron pungens leaf tissue. 
The presence or absence of a buffer will have no effect 
on the response of Agropyron pungens to fertilization. 
The presence or absence of a buffer will have no effect 
on the plant community at the upland edge of a salt 
marsh. 
Fertilization will result in no change of the upland edge 
community regardless of buffer presence or absence. 
Buffer width will have no effect on the upland border 




GROUNDWATER UPTAKE OF NITROGEN BY VEGETATED BUFFERS 
OF DIFFERING PROPERTIES 
Introduction 
Groundwater is a major source of anthropogenic nitrogen to coastal waters (Valiela et al. 
1997, Bowen et al. 2007). Near-shore land uses have been found to be closely tied to estuarine 
nitrogen loading (Cole et al. 2003, Wigand et al. 2004) and is predicted to be one cause of 
Phragmites expansion in salt marshes (Bertness et al. 2002, Silliman & Bertness 2004). 
Therefore, vegetated buffers aimed at intercepting nitrogen from surface water run-off and 
groundwater are recommended as a best management practice for controlling the non-point 
sources of anthropogenic nitrogen loading to salt marshes and other coastal environments 
(Desbonnet et al. 1994). 
The average buffer widths recommended through the literature for nutrient retention are 
15-30m (Castelle et al. 1994), 45m (Desbonnet et al. 1994), and 35m (100ft, Chase et al. 1995). 
The relationship between buffer width and sediment-bound or soluble nutrient removal is non-
linear (Desbonnet et al. 1994, Karr & Schlosser 1978, Wong & McCuen 1982). Retention of 
nitrate, sediments, and total suspended solids increases rapidly up to a certain buffer width at 
which point additional gains in retention rates require very large increases in buffer width. 
However, the ideal buffer width for any site will be unique and dependent on many site specific 
factors including soil type, intensity of upslope land use, vegetation type, sediment particle size, 
slope, etc. (Table 2 - see Introduction). For example, sites that receive pollutants bound to small-
size sediments and on steep slopes may require buffers of substantial width to perform effectively 
(Desbonnet et al. 1994, Lee et al. 2000, Barfield et al., 1998). In contrast, a site with a gentle 
slope (less than 15%), high water table, and poorly drained soils receiving pollutants bound to 
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coarse sediments may be very effective at removing pollutants from surface and subsurface water 
with a narrow buffer of natural vegetation (Desbonnet et al. 1994, Peterjohn & Correll 1984). 
Many groundwater studies have found that vegetated buffers were effective at reducing 
nitrate concentrations in groundwater often over short distances (Jacobs & Gilliam 1985, 
Lowrance et al. 1984, Lowrance 1992, Peterjohn & Correll 1984). Most studies indicate 
denitrification as the principal mechanism for groundwater nitrate removal in vegetated buffers 
(Jacobs & Gilliam 1985, Pinay et al. 1993, Schipper et al. 1993, Verchot et al. 1997). However, 
conditions ideal for denitrification (i.e. high organic content, low dissolved oxygen) (Seitzinger 
2006) do not occur in all vegetated buffers. Several studies have found the well drained soils of 
the coastal plain to be well aerated, highly oxygenated, and low in organic content (Smith & Duff 
1988, Puckett & Hughes 2005). Additionally, the drainage properties of the sand, gravel, and tills 
common to the northeast coastal plain have been found to allow rapid drainage of groundwater to 
depths below the biologically active soil layers resulting in high N-leaching to groundwater 
(Lajtha et al. 1994, Seely et al. 1998) which is directly delivered into estuarine water at 
groundwater seepage sites often just seaward of the salt marsh peats (Staver & Brinsfield 1996, 
Portnoyetal. 1998). 
No studies have looked at the effectiveness of vegetated buffers at intercepting 
groundwater nitrogen from near-shore land uses around the Great Bay estuary in coastal NH. 
This study attempts to answer whether vegetated buffers are effective at removing groundwater 
nitrogen before it is delivered to a coastal salt marsh in the Great Bay estuary. Additionally, this 
study examines whether buffer width has an effect on groundwater nutrient concentrations being 
delivered to coastal salt marshes. 
Site Descriptions 
Wells were set up at two farms located along the tidal shore of the Squamscott River, 
near where the Squamscott River discharges into Great Bay. The two farms are separated by 
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approximately lA mile and were chosen because they had variable width buffers of natural 
vegetation between the farmed land and the salt marsh. 
Stuart Farm (70°55'57.84"W, 43°2.5'.25"N) is a moderately-large dairy farm with 
approximately 200 head of cattle. Located in the town of Newfields, Stuart Farm has 
approximately 1,500 meters of frontage on the Squamscott River which is lined with fringe low 
salt marsh interspersed with few broad meadows of high salt marsh. The Stuart Farm grows hay 
and corn, and practices rotational grazing of dairy cows on their fields. Soils underlying the 
Stuart Farm are classified as "somewhat extremely well-drained, Hoosic gravelly fine sandy 
loams" (USDA/NRCS 1989). The fields slope north and west and direct water drainage directly 
towards the tidal Squamscott River. 
Shallow groundwater wells were set up at the base of a north facing field. The fields 
immediately adjacent to the wells were hayed in 2005, and were used as cow pasture in 2006. 
The field had a gradual north-facing slope and extended to the salt marsh on the tidal shore of the 
Squamscott River. At the base of the field there was a small area of high salt marsh. At this site, 
two buffer widths were chosen for groundwater analysis: 0 m and 6.5 m. One well-set was 
installed along the marsh-field boundary where no natural buffer (0m) existed. Well-sets were 
also installed along the upland and salt marsh edge of the 6.5m shoreline buffer. The slopes at 
both buffer widths were comparable, and approximately 10-degrees (Figure 5). 
The Wiggin Farm (70°55'19.12"W, 43°2'22.97"N) is located immediately east of Stuart 
Farm on the southern tidal shore of the Squamscott River. Much of the Wiggin farmland is 
leased to the Stuart Farm for growing corn to feed their dairy cows. The Wiggin Farm includes a 
large corn field on a peninsula of sandy upland soils surrounded by a large expanse of high salt 
marsh. Soils underlying the Wiggin Farm are classified as "extremely well-drained Windsor 
loamy sand" (USDA/NRCS 1989). The salt marsh expanse extends over 200m to the Squamscott 
River from the edge of the upland corn field. Around this peninsula of cropland is a buffer of 
natural vegetation of variable width. Groundwater well-sets were installed on the field and marsh 
edge of three sites with buffers of differing widths and types: 15m (forested), 13m (shrub), 5m 
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(grass-shrub) (Figure 5). The approximate center of the field is the highest point of land, and 
water drainage radiates from this point to the surrounding marsh. Slopes at the 13 and 5m buffer 
are comparable and approximately 10-degrees. The 15m buffer is on a very steep slope of 
approximately 45-degrees. 
Figure 5. Diagrams of buffer arrangement and well placement at Stuart Farm (right) and Wiggin 
Farm (left) 
Methods 
Shallow-groundwater well-sets consisted of three, 5cm diameter pvc wells spaced 3m 
apart. The bottom 50cm of each well was perforated with five rows of 3mm drill holes spaced 
approximately 5cm apart. Wells holes were dug by hand with a soil auger in early May 2005. 
Groundwater was typically encountered in the first 0.5-lm; however, to account for a variable 
water table, each well was dug 1.5m deep allowing approximately 50cm of the pvc pipe to 
protrude from the ground. A larger hole was drilled near the top of each pvc tube to prevent 
condensation from building up along the inner walls of the tube. The pvc tubes were closed at the 
bottom with duct tape, and covered at the top with a 5cm pvc removable cap. Three wells at the 
Wiggin Farm dried out before the second month of well water collection and were re-dug to a 
depth of 3.5m in mid June 2005. 
Groundwater was collected at the beginning of each month throughout the summer and 
fall of 2005 and 2006 (May - November, as water levels allowed) using the protocol described in 
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McDowell et al. (1992). To summarize, each well was bailed dry using a pvc bailer. Because 
many wells were quickly refilled with groundwater, each well was bailed six times or until dry, 
which-ever came first. After allowing time for the wells to refill, groundwater was extracted 
using plastic tubing and a 60mL syringe. The hose, syringe, filter, and collection bottles were 
rinsed with groundwater from each well prior to sample collection. The groundwater in the 
syringe was pushed through a 0.7um GF/F ashed filter into the collection bottle. At each well, 
60mL of filtered groundwater was collected and placed into a cooler on ice. All bottles were 
stored frozen at the UNH, Jackson Estuarine Lab until transported to the UNH Water Resource 
Research Center Laboratory for chemical analysis. Additionally, salinity of unfiltered well water 
was determined using a hand-held optical refractometer. Nitrate and NH4+-N were analyzed 
using automated discrete colorimetric analysis (Smartchem discrete analyzer) with cadmium 
reduction for N03"-N and the phenol hypochlorite method with sodium nitroprusside 
enhancement for NH4+-N. Total dissolved nitrogen (TDN) was measured using high temperature 
catalytic oxidation (Shimadzu TOC-V) with chemiluminescent nitrogen detection; DON was then 
calculated as the difference between TDN and (NCV-N + NH/-N). Dissolved organic carbon was 
measured using a total carbon analyzer (Shimadzu TOCV). 
Statistics 
All statistical analyses were performed with JMP (© SAS 1997, 3.2.1). Means are 
reported +/- standard error (SE) and differences were considered significant at P < 0.05, unless 
otherwise noted. Data were transformed (log(X+l) or 1/x) to normalize concentration 
distributions and meet homogeneity of variance assumptions before running an ANCOVA to 
examine for main effects of buffer width (covariate) and well location (upper vs. lower) on 
shallow-subsurface groundwater chemistry. Year and Farm are used as blocking factors in the 
model. Water chemistry data from each set of three wells were averaged for each sampling event. 
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DON-N results were calculated based on the concentrations of TDN, NH/-N and N03"-N 
(DON = TDN - N03 - NH4). As a general rule, no detect values of DON were assigned to DON 
concentrations that calculated to less than 5% of the sum of TDN, N03"-N, and NH/-N. Due to 
large TDN values, many DON concentrations were dismissed as no-detect values. Therefore, the 
DON data is of limited value in this analysis. 
An effect of buffer width on nutrient concentrations was analyzed using an ANCOVA, 
with buffer width as the covariate and farm as a categorical variable. Nutrient removal was 
calculated as the concentration difference between the upper and lower wells (mg/L). 
Transformed and untransformed mean nutrient removal values did not meet the assumptions of 
ANOVA, therefore Kruskal-Wallis non-parametric tests were used to determine significant 
differences in removal means between buffer widths. When the overall model proved significant, 
post-hoc Mann-Whitney tests were performed on each buffer pair to identify the significantly 
different pairs. A Bonferoni adjusted P value of 0.0083 (calculated by dividing 0.05 by the total 
number of paired comparisons) was used for the post-hoc analyses to reduce the potential of a 
Type I error. 
Results 
Well water nutrient concentrations were found to be very different between the two 
farms. Concentrations were higher at Wiggin Farm for all nutrients except DON (Figure 6). The 
mean nitrate (N03"-N) well water concentration was found to be over thirty times greater at 
Wiggin Farm than at Stuart Farm; likewise, mean dissolved organic carbon (DOC) was found to 
be three times greater at Wiggin Farm than Stuart Farm. Although the mean ammonium (NH/-
N) concentration was found to be ten times greater at Wiggin Farm than at Stuart Farm, the 
results were not significant due to large standard error (Table 4). 
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Figure 6. Mean nutrient concentrations by A) Farm where SF = Stuart Farm and 
WF = Wiggin Farm; B) Year and; C) Well Location where L = wells on lower edge 
of buffer (salt marsh edge), and U = wells on upper edge of buffer 
(pasture/crop edge). 
The sampling year also had a strong effect on the nutrient concentrations that were 
measured in the well water (Table 4). Mean concentrations of dissolved organic carbon (DOC), 
ammonium (NH/-N), and dissolved organic nitrogen (DON) were found to be significantly 
higher in 2005; whereas nitrate (N03"-N) was found to be significantly higher in 2006. Mean 
DON and DOC concentrations were both 3.5-times greater in 2005, and NH4+-N was 2-times 
greater in 2005 than in 2006. Conversely, mean annual N03_-N concentrations were found to be 
1.5-times greater in 2006 than 2005 (Figure 6). 
Well location (upper versus lower) was found to have an effect on the concentrations of 
all nutrients (Figure 2). The mean concentration of all nutrients (except DON and N03"-N) was 
found to be significantly greater in the upper wells. Mean concentrations of DOC and NH4+-N 
were both 3-times greater in the upper wells, while mean concentrations of N03"-N and TDN 
were approximately 2-times higher in the upper wells (Figure 6). 
The analysis included an interaction effect between buffer width (covariate) and well 
location to determine if the buffers were functioning similarly (in terms of groundwater nutrient 
removal between upper and lower wells) irrespective of width. The interaction effect in the 
ANCOVA design is determined to be significant if the slopes of the lines (from a least-square 
regression of nutrient concentration plotted by buffer width) of the upper and lower wells are not 
parallel. An interaction effect was found only for mean concentrations of DOC and NH4+-N 
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(Table 4). As the lines diverge as buffer width increases, greater DOC and NH4+-N uptake may 
be occurring within wider buffers (Figure 7). Conversely, no interaction effect was found for 
concentrations of NCV-N, TDN, or DON (Figure 7). Therefore, buffer width had no effect on the 
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Figure 7. Least squares regression of nutrient concentration by buffer width showing a 
significant (A) and non-significant (B) interaction effect (Buffer Width x Well Location). 
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Table 4. Results of the two-way ANCOVA looking at main effects of buffer width and well 
location (upper vs. lower) on mean well-set groundwater nutrient concentration. Significant 































































































































































Buffer width had a significant effect on the concentration of all nutrients except DON 
(Table 4). Contrary to expectations, mean concentrations of all nutrients (except DON) were 
found to increase as buffer width increased. This pattern was apparent in both the upper and 
lower wells (Figure 8). Using least-squares regression, buffer width alone was found to explain 
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Figure 8. Mean concentrations of NH4+-N, TDN, N03"-N, DON, and DOC in upper (U) and 
lower (L) wells by buffer width. 
Monthly variation in nutrient concentrations is displayed in Figure 10 based on the 
mean concentration from all wells for each month. NOs'-N and TDN concentrations appear to be 
higher in spring (April) and fall (November), and lower in the summer months (June - August). 
Conversely, DOC and DON concentrations appear to be highest in the summer months and 
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lowest during spring and fall. The seasonal patterns observed for some nutrients in 2005, 
particularly DOC appeared dampened in 2006. 
Figure 9. Least squares regression of groundwater nutrient concentrations by buffer width. Note: 
DON concentrations were transformed as the inverse to meet ANOVA assumptions, all other 
results are shown on a log scale. 
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Figure 10. Monthly mean concentrations of groundwater nutrients by farm showing seasonal variation 









































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































In addition to seasonal variation in groundwater nutrient concentrations, there appeared to be 
seasonal shifts in buffer effectiveness. Buffer effectiveness was calculated as the differences in mean 
nutrient concentration between the upper and lower wells, divided by the upper well concentration and 
displayed as percent reduction in Figure 11. Seasonal shifts in nutrient removal efficiency were not 
consistent across all buffer widths, or between years, indicating differences in their ability to respond to 
nutrient loading with seasonal changes in available moisture and other abiotic factors within the buffer. 
Nutrient removal appears to be generally highest during the earlier portion of the growing season, and 
tapers off during the driest, hottest months, and autumn (Figure 11). 
Discussion 
Overall Buffer Effectiveness and Assumptions 
Overall, the buffers appeared to be effective at removing some of the nutrients moving in 
the groundwater. In general, the upper wells had higher concentrations of nutrients than the 
lower wells (Figure 6). It is important to note however, that the buffers used in this study were 
pre-existing on the landscape, therefore not randomly chosen or created. As the Great Bay 
landscape has been subject to human development for several hundred years, the location and 
width of pre-existing buffers are unlikely to be randomly situated as land use limitations likely 
dictated where they were most likely to occur, i.e. on steep slopes, poor quality soils, wetlands, 
etc. Another important assumption being made throughout this study is that water flows in a 
similar hydrologic pattern to surface water, i.e., determined by landscape topography. The wells 
were set up in areas where we assumed surface water flow would travel from upper to lower 
wells through the buffer zone as determined by direction of slope. The highly conductive sandy 
soils of the Great Bay watershed should allow for a groundwater flow path that is directed in a 
downward direction towards the estuary. A groundwate r map of the Great Bay watershed 
indicates that the groundwater hydrologic flow paths do generally coincide with landscape 
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topography (Roseen 2002). However, without studying the piezometric gradient and water table 
depths there remains hydrologic uncertainty at the sites included in this study. For instance, 
hydrologic heterogeneity can occur at a small spatial and temporal scale. Dukes et al. (2002) 
found one third of 8 and 15m pasture and row crop buffers on channelized streams in North 
Carolina with 0-6% slopes to have no effect on groundwater quality due to the direction of 
groundwater flow. Furthermore, they found flow paths to vary depending on the water table 
elevation, resulting in seasonal shifts in buffer-groundwater interactions. Tobias et al. (2001) 
studying the groundwater discharge to fringing marshes on the York River in Virginia, 
documented a peak discharge of groundwater from the upland in April and the lowest 
groundwater discharge rates in September, with reversal of flow into sediments during the lowest 
flow periods. Therefore, this study also makes the assumption that flow paths were maintained 
between the upper and lower well sets and no dilution by deeper groundwater or flow path 
changes occurred throughout the study period. Salinity readings from the wells indicate that 
saltwater intrusion or mixing at the lower well station may have diluted the nutrient 
concentrations in the shallow groundwater in the lower wells and accounted for some of the 
reduction in nutrient concentration (Figure 12). The yearly average total inorganic nitrogen 
concentrations reported from the Squamscott River landing in 2006 were approximately 0.26 
mg/1 (NHEP 2006b). Therefore, any infiltration of tidal water could result in a significant 
dilution of the highly N-polluted groundwater flowing from both the Stuart and Wiggin farms. 
Chloride has been used in similar studies to detect dilution as it is a conservative ion in 
groundwater not biologically or chemically transformed and should be measured in future similar 
analyses of Great Bay shallow-groundwater to address this question. 
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Figure 12. Monthly average groundwater salinity readings from upper and lower wells at Stuart 
and Wiggin Farms. 
Seasonal variation in groundwater chemistry was observed at both sites (Figures 10 & 
11). Studies have found seasonal differences in the mechanisms of nitrogen removal in vegetated 
buffers due to changing physical conditions throughout the year. The important drivers of nitrate 
retention or leaching are patterns of water flux and microbial and plant activity (Lajtha et al. 
1995, Pinay et al. 1993). The highest rates of groundwater discharge tend to occur in spring and 
fall, coincident with months with the highest precipitation and lowest evapotranspiration rates 
(Staver & Brinsfield 1996, Fear et al. 2007, Tobias et al. 2001). Unfortunately, manure and/or 
fertilizer are typically spread in the same months that experience increased precipitation rates. 
Therefore, it is not surprising that studies within agricultural watersheds have further found the 
majority of the yearly groundwater nitrate discharge to coastal waters to occur in the spring 
(Staver & Brinsfield 1996). Precipitation can wash sediments and sediment-bound nutrients into 
nearby buffers and streams, expedite the infiltration of soluble nutrients into the groundwater, and 
flush soluble nutrients to streams through surface water run-off. Some evidence of fall and spring 
nutrient pulses were observed in this study at both farms, but the seasonal pattern was not very 
distinct. A regression analysis of N03"-N concentration and monthly precipitation means found no 
significant relationship between mean monthly precipitation amounts and the N03"-N 
concentration in the groundwater of either the Stuart Farm or Wiggin Farm wells (r2 = 0.12, data 
not shown). Lajtha et al. (1995) found nitrate leaching from a coastal watershed on Cape Cod to 
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be positively correlated with precipitation in the dormant season, but not significantly correlated 
to precipitation in the growing season. However, due to frozen wells, sampling was not possible 
during many dormant season months in this study. Therefore, a different sampling approach 
would be required to find a similar correlation between precipitation and nitrate concentrations in 
the Great Bay study area. Several confounding factors (see following sections) may also be 
accounting for the muddled seasonal pattern, but most likely the study time-frame was simply not 
long or intense enough to uncover the seasonal pattern in groundwater nutrient concentrations at 
these sites (but see Levine et al. 1998). 
Flood Event 
The results of this study were likely heavily influenced by a major storm event that 
occurred in May 2006. From May 12-14, 2006, central and southern New Hampshire 
experienced severe flooding caused by an unusual 8.77 inches of precipitation over the three-day 
period. Undoubtedly this 100-year flood event strongly influenced the movement of nutrients in 
the surface water and shallow groundwater throughout the Great Bay watershed. Figure 10 
shows a notable spike in DOC and DON concentrations in the May 2006 groundwater collected 
from Wiggin Farm following the storm. The storm also appeared to affect the percent reduction 
of nutrients between the upper and lower wells. Figure 11 shows a decrease in removal 
efficiency of DOC, NH4+-N, and N03"-N for all buffer widths (except 15m) following the storm. 
The recovery period of the Wiggin Farm 5m buffer lasted throughout the rest of the study as the 
buffer never regained its original N03"-N reduction potential. These results indicate that if global 
climate change predictions of increased storm frequency and severity in the northeast are true the 
effectiveness of shoreline buffers may be severely compromised. Dukes et al. (2002) also found 
a buffer's ability to remove shallow-groundwater N03"-N to be impacted by a heavy rain event. 
They reported an approximate 50% decrease in N03"-N removal ability of 8 and 15m wide 
buffers following a hurricane. They supposed the observed N03"-N reduction was a flood-
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induced dilution. Likewise, they found the loss of removal efficiency to linger for five to six 
months after the flooding (Dukes et al. 2002). Consequently, the storm flooding probably had 
some influence over the overall results of my study. 
Manure Storage 
Shallow-groundwater nitrogen concentrations were unusually high for the coastal Gulf of 
Maine region. The nitrate concentrations found at Wiggin Farm were surprisingly high and far 
exceeded other nitrate concentrations reported from the Great Bay watershed. They also do not 
compare well to other agriculture focused buffer studies in the northeastern coastal plain (Table 
5). Sixty-four percent of the Wiggin Farm groundwater samples were found to exceed the MCL 
(EPA maximum contaminant load) for nitrate of lOmg/L. The average nitrate concentration from 
Wiggin Farm was 23.3mg/L. High NCV-N values were recorded in all months and for both years 
from Wiggin Farm. Notably, fifteen percent of the average N03"-N concentrations for the well-
sets at Wiggin Farm were more than twice the MCL for nitrogen, with three well set averages at 
or exceeding lOOmg/L. In contrast, only 1% of the Stuart Farm groundwater samples were found 
to exceed the MCL for nitrogen of lOmg/L, and groundwater nitrate concentrations averaged at 
0.669mg/L. 
The amount of nitrogen being transported by groundwater depends on the concentration 
of nitrogen being applied to the watershed, land uses within the watershed, and soil properties. 
The large difference in farm management practices likely explains the concentration and variation 
of groundwater NCV-N from the different farms and well sets. The Wiggin Farm field is on an 
approximate four year corn/hay rotation and was planted with corn for the entire duration of this 
study. The Stuart Farm fields rotate between corn, hay, and pasture. The Stuart Farm field was 
in hay and pasture during this study period. 
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Table 5. Nitrate concentrations reported for groundwater, surface water, and precipitation for 
Great Bay, NH and similar northeastern coastal environments. 
Nitrate 
Concentrations 
14 mg/L (A) 
23.29 mg/L (B) 
0.18 mg/L (C) 
0.169 mg/L 
0.81-0.89 mg/L 








9.4 mg/L (A) 
8.3 mg/L (B) 
0.084 mg/L (A) 
1.53 mg/L (B) 
2.84 mg/L (C) 
5 mg/L (A) 
22 mg/L (B) 
5.43 mg/L (A) 
10.3 mg/L (B) 
Description / Location 
Overall mean (A); Wiggin Farm mean (B); 
Stuart Farm mean (C). 
Great Bay watershed, NH 
Great Bay water, NH 
Groundwater in areas with high residential development. 
Great Bay, NH 
Precipitation from Lamprey River Watershed. 
Coastal NH 
Lamprey River water quality. 
Coastal NH 
Water samples from 10 streams. 
Coastal Watershed, NH 
Mean TDN from WWTF discharge (2° treatment) 
Coastal Watershed, NH 
Groundwater in agricultural basin. 
Mill River, Choptank River Estuary, Chesapeake Bay, MD 
Groundwater in agricultural basin. 
Wye River Estuary, Chesapeake Bay, MD 
Pre (A) and post (B) hurricane groundwater in agricultural 
basin (cow pasture & row crops). 
Goldsboro, NC 
Groundwater from A) undeveloped; B) moderately 
developed; C) highly developed subwatersheds. 
Nauset Marsh Estuary, MA 
Summer (A) and autumn (B) groundwater from buffer edge 
of cropland. 
Molenbeck River, Belgium. 
Spring (A) and winter (B) groundwater entering buffer on 
edge of cropland. 








Deacon et al. 2005 
Bolster 2003 
Staveretal. 1996 
Staver & Brinsfield, 1996 
Dukes et al. 2002 
Portnoyetal. 1998 
Dhondt et al. 2002 
Peterjohn&Correlll984 
The Wiggin Farm field, when planted with corn, is fertilized with manure from the cows 
pastured at Stuart Farm. The composted manure is spread in the spring and fall at an application 
rate of approximately 25 tons/acre. The nitrogen in manure is in the form of organic-N and 
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ammonium (NH4 -N). Through the microbial process of nitrification the NH4 -N is converted to 
nitrate (N03"-N) which is much more readily absorbed by plants, but also very soluble in water 
and mobile. Although the Stuart Farm does grow their own corn for cattle feed (at the Wiggin 
Farm), they do not generate enough feed for their 200-head herd. Therefore, they supplement the 
cow feed with imported corn. The northeast region has the highest food and feed nitrogen import 
rates in the US. Feed is imported from other regions within the US where fertilizer application is 
the dominant source of new nitrogen. Therefore, feed imports have been found to account for 
33% of total net nitrogen inputs to the northeast (Jordon & Weller 1996). Consequently, extra 
nutrients (from the digested imported corn) are added every year to the nutrient cycle between the 
Wiggin Farm and Stuart Farm as nitrogen-rich manure is exported to the Wiggin Farm. The 
excess nitrogen from agricultural uses of imported food and feed products ultimately ends up in 
the coastal environment and is a major reason the northeast has seen an 800% increase in the 
anthropogenic nitrogen input to its coastal waters (Howarth 1998). 
For efficiency reasons, the manure intended to be spread over the Wiggin Farm fields in 
the spring is stored in a pile at the highest and driest location on the Wiggin Farm over the winter. 
The manure storage area coincidentally corresponds to the location of the upper well set in the 
widest buffer zone included in this study. Unfortunately, this long-term use was not evident 
during the course of this study, and was only discovered after examining the data and discussions 
with the farm managers. Chestnut et al. (2007) similarly found wells in proximity to areas where 
biosolids were stockpiled at a gravel pit restoration site to have highly elevated nitrate 
groundwater concentrations. They concluded that stockpiling of biosolid residuals prior to 
application at the site may have led to N saturation of the soils in isolated areas and caused 
significant groundwater contamination. 
The manure storage area confounded the buffer effect this study intended to document by 
elevating the nitrogen concentrations in the area adjacent to one and possibly two sets of wells. 
The groundwater nutrient concentrations from the storage area were driving the unusual buffer 
width trends seen in Figure 4 and confounding any true effect of buffer width on nutrient 
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removal. Although, the peak N03"-N concentrations documented from the wells associated with 
the storage area coincided with manure application times (spring and fall), the concentrations 
remained much higher than any other well set throughout the entire year, potentially confounding 
the seasonal patterns shown in Figures 10 and 11. The 15m buffer appeared effective at 
removing ammonium (NH/-N) from the groundwater, but no clear pattern was observed for 
nitrate (NO3-N) removal through the buffer, with the lower wells often exceeding the upper wells 
in NO3-N concentrations (Figure 11). There are several potential explanations for this lack of 
buffer effectiveness including A) saturation of the buffer zone with N03"-N (Chestnut et al. 
2007); B) little/no interaction between the groundwater table and plant roots within the buffer 
zone, i.e. water table too deep to interact with tree/shrub roots (Puckett et al. 2002); and C) poor 
site conditions for denitrification in the buffer zone, i.e. high dissolved oxygen environment, low 
organic matter availability (Staver & Brinsfield 1996). 
Nitrogen saturation of the wide buffer is a more likely explanation than a lack of 
groundwater-buffer vegetation interaction as the well water was consistently collected at a depth 
within which many plant roots were noted (approximately 15cm - lm below the soil surface). It 
is evident that the manure storage area appears to have a much more significant local effect on the 
shallow groundwater quality than the corn crop nutrient management activities performed on the 
rest of the field. The long-term impacts of the storage area appears to have saturated the buffer 
and resulted in a negative effect on the nutrient removal function of the natural vegetated buffers 
of Wiggin Farm. Although the widest buffer (15m) occurred near the storage area, the amount of 
nitrate removed by the wide buffer was equivalent to the amount removed by other buffer widths 
(Table 6). Therefore, the wide buffer worked no more effectively than the narrowest buffer, and 
was not able to increase uptake rates of nitrate as nitrate concentrations increased (Table 7). 
Conversely, total ammonium removal increased as buffer width increased (Table 6), but when 
considering the higher inputs at the widest buffer, the proportion of NH/-N removed was not 
significantly different across buffer widths (Table 7). 
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Only DOC total and proportional (percent of total) concentrations significantly decreased 
as buffer width increased (Table 6). This result may more likely be driven by depth to water table 
and nitrogen saturation than buffer width. The wells for the 15m buffer were dug to twice the 
depth of the other wells due to the deeper water table at this location. DOC concentrations have 
been found to decrease with depth to water table as the longer vertical flow path through the 
vadose zone may allow for greater opportunity for use and uptake of DOC by microbial 
transformations including denitrification (Pabich et al. 2001). 
Trends in DOC concentrations are often used as an indicator of denitrification potential 
(Pabich et al. 2001). Denitrifying bacteria require a source of carbon, therefore if denitrification 
is occurring at a site you would expect to see a decrease in both N03_-N and DOC. Figure 11 
shows much lower DOC concentrations in the lower wells than the upper wells (especially in 
2005); therefore denitrification may very well be occurring. However, the microbial process of 
nitrification can also be an energy source for denitrifying bacteria (Salisbury & Ross 1992). 
Nitrate dominated TDN at Wiggin farm (84%) indicating near-complete nitrification of 
ammonium from manure during transport to the buffer (Weiskel & Howes 1991). With energy 
available through the nitrification process (NH4+-N —> N03"-N), the availability of DOC is less 
important for denitrification, making DOC concentrations a poor indicator of denitrification at 
this site (Simek 2000). Well water nitrate concentrations plotted as a function of DOC 
concentrations (r2 = 0.005) confirms the independence of nitrate reduction from DOC availability 
for this study (Figure 13). It appears in Figure 13 that two separate groups exist above and below 
the trend line. These groups were identified to be the two farms. Therefore, this linear regression 
was re-run on the data for each farm separately to see if a stronger relationship could be found. 
These results further confirmed there to be no effect of DOC concentrations on the concentration 
of N03 at either the Stuart Farm (r2 = 0.0649) or the Wiggin Farm (r2 = 0.0107), therefore another 
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Figure 13. Nitrate concentrations plotted as a function of DOC concentrations for well water 
from both Stuart and Wiggin Farms. 
Table 6. Mean nutrient removal between upper and lower wells at different buffer widths in A) 
milligrams/liter N & C; and B) percent. Different letters indicate significant differences between 
























































































































Table 7. Regression analyses results of A) mg reduced (upper well - lower well, mg) and B) % 
removal ((upper well - lower well)/upper well) plotted against buffer width. Significant results 




































Conclusion & Management Implications 
Many studies have tried to determine effective buffer widths for nitrate removal and there 
are several excellent review articles summarizing their results (Desbonnet et al. 1994, Castelle et 
al. 1994). My results agree with these studies in that any width buffer is somewhat effective at 
removing pollutants from surface and/or groundwater. However, most studies find denitrification 
to account for the near-complete or complete removal of N-inputs to a buffer, with the majority of 
nitrate removal to occur in the first 5-20m (Peterjohn & Correll 1984, Haycock & Pinay 1993). 
Additionally, these studies find denitrification rates further downslope in the buffer area to 
actually be limited by low N-concentrations, further indicating the effectiveness of buffer zones at 
quickly removing incoming N and suggesting the potential for buffer zones to process higher N-
inputs than they currently receive (Pinay et al. 1993). However, at Wiggin Farm, the groundwater 
was highly contaminated by manure and all three buffer widths were unable to consistently 
deliver to the downslope environment shallow groundwater with NCV-N concentrations below 
the MCL of lOmg/L. The highest nitrogen concentrations were found at the widest buffer and the 
manure storage area. These results show that the buffer at this location (although the widest 
included in this study) is inadequate due to the nutrient intensive manure storage land use at this 
site. Nitrogen saturation, defined as the point at which increases in nitrogen availability to the 
point of alleviating nitrogen limitations of biological functions and increased nitrate mobility in 
soils, has been documented from heavily fertilized forests (Aber et al. 1998). The high 
concentrations of groundwater nitrate delivered to the widest buffer appears to have saturated the 
buffer and overwhelmed its nitrate retention abilities and likely resulted in high amounts of nitrate 
delivery to the adjacent estuary through the groundwater. Furthermore, the impact to 
groundwater chemistry from the storage area appeared not only in the wells immediately adjacent 
to the storage area, but also in wells at the mid-width buffer site 60m away (Figure 9). The 
results of this study show how different agricultural practices and land uses can have enormous 
impacts on the effectiveness of vegetated buffers at removing groundwater nitrogen and the 
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consequent nitrogen delivery to coastal systems. Therefore, when planning for appropriate buffer 
widths, many site specific factors, including land use and land use history, must be considered to 
insure appropriate protection to downslope natural systems from anthropogenic nitrogen. 
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CHAPTER III 
RESPONSE OF AGROPYRONPUNGENS AND THE UPLAND BORDER 
COMMUNITY TO FERTILIZATION IN THE ABSENCE AND PRESENCE 
OF VEGETATED BUFFERS 
Introduction 
Buffers of natural vegetation are recommended along coastal shorelines to prevent 
nitrogen delivery from uplands to coastal waters (Desbonnet et al. 1994). Declines in 
groundwater nitrogen across buffers (Chapter II) clearly show that the appropriate buffer width 
varies for each unique site and depends upon many factors. If properly sized, and with physical 
conditions appropriate for denitrification and/or plant uptake, a vegetated buffer can be very 
effective at processing nitrogen from groundwater and surface water to reduce nitrogen delivery 
to downslope aquatic environments (Peterjohn & Correll 1984). This is particularly important in 
marine and estuarine environments where nitrogen is the primary limiting nutrient (Ryther & 
Dunstan 1971, Howarth 1988b, but see Elser et al. 2007). Anthropogenic additions of excess 
nitrogen causes eutrophication (Short et al. 1996). Fertilization experiments in salt marshes have 
shown changes in primary production rates and species composition due to nitrogen-induced 
competitive shifts between the main plant communities typical of a salt marsh (Levine et al. 1998, 
Minichinton & Bertness 2003). Species zonation in a salt marsh is determined by stress and 
resource limitation; the latter largely through nitrogen competition (Bertness 1991a, 1991b). 
Fertilization experiments within salt marshes have found competitive interactions between 
species to change and competition to shift from below-ground nutrients to above-ground 
resources, such as light. Taller species, such as Spartina alterniflora, have been found to 
outcompete the N-fixing Spartina patens when nitrogen is abundant (Levine et al. 1998). 
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Although plant competition in the high and low marsh has been well studied, much less 
attention has been paid to the salt marsh community at the upland edge. The upland salt marsh 
border is the first area within the marsh to be exposed to nitrogen deriving from upslope human 
activities; and potentially the first plant community to indicate early signs of nutrient loading 
(Wigand et al. 2007). This is of particular importance as the upper salt marsh edge harbors the 
greatest floristic diversity in a salt marsh (Bozek & Burdick 2005), and consequently has the 
largest potential to change. It is well known that the upland edge is often the first place in a 
marsh to be colonized by the non-native variety of Phragmites australis; which forms a 
monoculture and shades out native species (Chambers et al. 1999, Minchinton et al. 2006). 
Nitrogen enrichment from upslope land uses appears to be facilitating Phragmites establishment. 
Bertness et al. (2002) found shorelines with greater than 50% of their length developed 
(unbuffered) had most of their terrestrial border dominated by Phragmites. Silliman & Bertness 
(2004) further correlated high nutrient levels in the low marsh and low upland edge salinities with 
developed shorelines. Therefore, this floristically diverse area could be highly threatened by 
changes in nutrient and solute chemistry due to the loss of shoreland buffers. 
A field experiment was performed to further test the hypothesis that shoreline buffers are 
reducing nutrient delivery to the upland border community. This study was designed to answer 
two physiological questions concerning nitrogen uptake: 1) Does a vegetated buffer influence the 
amount of nitrogen available to plants in the upland border community?; 2) When fertilized, do 
plants of the upland border community respond differently if growing in the presence or absence 
of a natural buffer? The study also looked at two questions regarding the influence of buffers on 
the upland border community. Specifically, does the upland border community differ with the 
presence of a buffer? Finally, with fertilization, is there a rapid shift in species composition in the 
upland border community? 
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Site Description 
A fertilization experiment was set up at the Wiggin and Stuart Farms. Two sites were 
chosen for the buffer/fertilization experiment at the Stuart Farm. The first site has no shoreline 
buffer separating the salt marsh from the actively managed land, and is located immediately 
adjacent to a large field. In 2005 the field was mowed for hay, and in 2006 the field was used to 
pasture cows. The second site was separated from an active row crop of cattle corn by a 123m 
forested buffer on a moderately steep north facing slope (Figure 14). 
Likewise, two sites around the peninsula of cropland at the Wiggin Farm were chosen for 
the buffer/fertilization experiment. No stretch of the Wiggin Farm shoreline was without a 
buffer, so the first set of plots were set up adjacent to the narrowest buffer width (6m), which was 
composed of blackberries (Rubus alleghaniensis Porter) and herbaceous perennials. Since this 
narrow buffer was mowed periodically, it was categorized as 'without buffer.' The second set of 
plots was set up adjacent to the widest buffer width (15m), which was composed of tall trees and 
dense woody shrubs (Figure 14). 
Methods 
Two sets of plots were established at each farm, with one set being at a site with no 
buffer, and the second set being at a site with a moderate or wide buffer. Six 1.5m by 1.5m plots 
were marked along the salt marsh upland edge, and spaced lm apart. Plots were randomly 
assigned to be either fertilized or not fertilized (control plots). Within each set of six plots, three 
were fertilized and three were controls. Plots were fertilized on a biweekly basis throughout the 
growing season with 135g of slow release pellet fertilizer (Scotts Turf Builder, NPK, 29:3:7) 
from mid-May to mid-July. Each plot received a total of 4 fertilizer applications (total of 60g/m2) 
for each of two years. This application amount and frequency is consistent with similar 
fertilization studies looking at the effect of N-addition on salt marsh plants (Minchinton & 
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Bertness 2003, Emery et al. 2001) and was determined to approximate the minimal fertilizer 
application rate of golf courses in the New England area (Valiela et al. 1997). 
Two weeks following the final fertilizer application, stiff leaf quackgrass (Agropyron 
pungens, (Pers.) Roemer & J.A. Schultes) leaves were collected for tissue analysis in the 
fertilized and control plots. Within each plot, the three tallest Agropyron pungens plants were 
selected. The youngest fully expanded leaf was collected and measured for length. Leaf tissue 
nitrogen concentration was determined using a protocol described in Lee et al. (2004) for use on 
leaf tissue of Zoster-a marina L. (eelgrass). In summary, leaves were dried in an oven at 60°C and 
the leaf mass was calculated relative to area (mg dry weight * cm"2 leaf area). Tissue was ground 
with an automated mortar and pestle (Brinkman), and ~2-3 mg of the ground tissue was used to 
determine the C and N concentrations. Samples were analyzed at the Water Resource Research 
Lab at UNH using an elemental analyzer (Perkin Elmer 2400 Series II CHN/S). 
Two weeks following the final round of fertilization in both 2005 and 2006, a lxlm 
quadrat was placed within each plot. All plant species within the quadrat were identified to 
species (if possible) and the total percent cover of each species within the quadrat was estimated. 
The Flora of Maine (Haines & Vining 1998) was used as the primary taxonomic reference and 
species identification key. Several aids were used to determine the most accurate percent cover 
estimate within the quadrats. Quadrats were divided into nine equal parts with wooden dowels, 
and paperboard squares depicting several different percent covers were available for comparisons. 
Before each day of sampling, an exercise sheet showing examples of different percent covers 
with differing distributions was reviewed to help train the eye. I estimated all species percent 








































































































































































Parametric tests were performed using JMP (© SAS Institute Inc. 1997, 3.2.1) and 
Miscrosoft Excel (Microsoft Excel ® 2003). An alpha value of 0.05 was used to determine 
significance. Untransformed plant height and leaf tissue nitrogen data met the ANOVA 
assumptions of normality and variance homogeneity. A split-plot ANOVA was run on the A. 
pungens [N] leaf tissue and A. pungens height data to test for an effect of fertilization and buffer. 
The model being tested was: 
Y = main plot [Farm, Buffer, (FarmxBuffer)], subplot[Fert, (FertxBuffer)] 
The main plot in this analysis is "Farm", thus the farm and buffer effects were tested 
using the interaction term (FarmxBuffer). . A separate split-plot analysis was run for each year. 
Simple linear regression was used to identify the variation in leaf tissue nitrogen concentration 
accounted for by buffer width. 
Plant community data was analyzed using PRIMER (© Primer E-Ltd. 2006, 6.1.6). A 
similarity matrix was calculated using the Bray-Curtis similarity coefficient for assessing 
similarities between the untransformed percent cover data from each quadrat ("sample") at both 
buffer areas. Hierarchical agglomerative clustering techniques (using group-average linking) 
were used in PRIMER to create a dendrogram of the samples. The similarity matrix was 
analyzed using non-metric multi-dimensional scaling (NMDS), to generate a plot of the quadrats 
in 2-dimensional space. Patterns in the sample distribution on ordination plots were identified 
using factor labeling, NMDS species bubble plots, and NMDS plots generated from different 
portions of the data. 
To test for significant differences between treatments on the arrangement of samples in 
the NMDS, multivariate Analyses of Similarity (ANOSIM) were performed in PRIMER. The 
sample design used in this experiment involves two sites (WF and SF), with two buffer levels 
(Present, Absent), and three replicates of the two levels of fertilization (Nitrogen, Control). To 
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avoid the danger of repeated significance tests (and an inflated Type I error rate) in looking at 
each of these factors individually, a two-way crossed ANOSIM was carried out in PRIMER. 
The ANOSIM test is built on a simple non-parametric permutation procedure applied to 
the rank similarity matrix. PRIMER uses the rank similarity index values for all pairs of 
replicates within sites to calculate a test statistic (R). PRIMER then recomputes the test statistic 
(R) with all possible permutations of the sample labels (i.e. the labels for the buffered and 
unbuffered plots are shuffled, the R test statistic is recalculated, and the process is repeated a 
large number of times to produce a range of possible R values). If the null hypothesis is true and 
there is no difference in the plant community between buffered and unbuffered sites, then the true 
value of R will fall within the range of the permuted R distribution. If the null hypothesis is true, 
R is equal to zero; whereas R is equal to 1 if all replicates within sites are more similar than any 
replicates from different sites. The p statistic is interpreted as the percentage of permuted R 
values that are as large as or larger than the observed R (Clark & Warwick 2001). 
PRIMER was also used to calculate Shannon's Index, Pielou's, and Simpson's diversity 
values for each plot. Diversity values were imported into JMP for simple linear regression 
analysis against buffer width, and a split-plot ANOVA (using the same model described above) to 
determine if there was a significant difference in species diversity (J, H, 1-Lamba) between the 
buffer and fertilizer treatments from the two farms. 
Results 
Response of Agropyron pungens to Fertilization 
There was a significant effect of fertilization on the amount of nitrogen in the leaves of A. 
pungens. The A. pungens in unbuffered and buffered plots at both Stuart and Wiggin Farm 
responded to fertilization by increasing their accumulation of leaf-tissue nitrogen (Figure 15). 
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Although the interaction effect between buffer and fertilization was not found to be significant 
(Table 8), a trend in N uptake with buffer width was identified through regression analysis. 
A significant interaction effect was found between farm and buffer on the amount of 
nitrogen in the leaves of Agropyron pungens (Table 8). Results were similar in both years, with 
the interaction effect having stronger significance following the second year of fertilization, in 
2006. As seen in Figure 15, the presence or absence of a buffer at the Wiggin Farm had no effect 
on the amount of nitrogen in the leaf tissue of A. pungens at the salt marsh edge. Conversely, at 
Stuart Farm nitrogen concentrations of A. pungens leaves in buffered control plots were nearly 
twice the concentrations found in A. pungens leaves from unbuffered control plots (Figure 15). 
Therefore, the buffers at the two farms were found to have different effects on the nitrogen taken 
up by upper salt marsh plants. 
Table 8. Split-plot ANOVA results of the effect of buffer and fertilization and on N% in A. 





Farm X Buffer 
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Buffer X Fert 






























Simple linear regression of the change in A. pungens leaf tissue N% with fertilization 
(calculated as mean N%(fertilized) - mean N%(control)) was plotted against buffer width (Figure 
16). The results show a negative relationship, with less N uptake and storage by A. pungens at 
fertilized sites with wider buffers. Additionally, mean leaf tissue N% from control plots was 
plotted against buffer width (Figure 16). An opposite positive relationship was found for N% of 
control plot leaf tissue with buffer width. The results suggest that A. pungens growing in sites 
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Stuart Farm Wiggin Farm 
Figure 15. Mean percent nitrogen in Agropyron pungens leaf tissue from fertilized (checkered 
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Figure 16. Change in Agropygon pungens leaf tissue nitrogen (calculated as the difference 
between mean N% from fertilized and control plots for each buffered and unbuffered site) plotted 
against buffer width; and mean Agropyron pungens leaf tissue N% from control and fertilized 
plots plotted against buffer width. Open data points are Wiggin Farm results, solid data points are 
Stuart Farm data points. Regression was run on 2006 data only. 
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A similar split-plot ANOVA was performed on the 2005 and 2006 A. pungens plant 
height data, collected from the same fertilized and unfertilized plots. A significant interaction 
effect was found between farm and buffer for the 2005 data only. At Stuart Farm, fertilization 
appeared to result in a decrease in plant height; whereas, at Wiggin Farm, fertilization appeared to 
increase the plant height (not shown). However, this interaction was not significant for the 2006 
plant height data (Table 8). In 2006, fertilization resulted in a slight increase in plant height at all 
sites except the Wiggin Farm buffered plot, where fertilized plots had significantly smaller plant 
heights than control plots (Figure 17). 
Figure 17. Mean height of Agropyron pungens plants after two years of fertilization from 
fertilized (checkered bars) and control (solid bars) plots at buffered and unbuffered sites. 
Although fertilization did not have a significant effect on plant height (Figure 17), plants 
that took up greater nitrogen (defined as greater differences between leaf N% of paired control 
and fertilized plots) generally had greater increases in plant height (Figure 18). A simple linear 
regression showed that the difference in N% could account for approximately 14% of the 
variation between plant height differences of paired fertilized and control plots (Figure 18). The 
only outlier on the graph shown in Figure 18 is the Wiggin Farm buffer plot where in 2006 a 
drastic reduction in plant height was recorded. As this site was closest to the manure storage pile, 
it is possible that the fertilized plots were experiencing N-saturation and showing negative effects 
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to toxic N-levels, such as decreased plant height or biomass. With this data point removed, the 
relationship between N% and plant height was much stronger, with the difference in N% between 
fertilized and control plots accounting for 67.7% of the variation in A. pungens plant height 
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Figure 18. Difference in height (cm) regressed against difference in N% between fertilized and 
control plots within the buffered and unbuffered plots at both farms and both years. The 
regression excluded one outlier point shown as an open circle. 
Plant Community Response to Buffer and Fertilization 
Multivariate analyses of the plant communities were assessed using PRIMER. A 
dendrogram of the Bray-Curtis similarity matrix identifies the vegetation quadrats most similar in 
species composition (Figure 19). At the 30% similarity level, the dendrogram clusters the 
quadrats into four main groups, three of which consist of many quadrats. 
The similarity matrix was analyzed using non-metric multi-dimensional scaling (NMDS), 
to generate a plot of the quadrat similarities arranged in 2-dimensional space. Clearly, the 
presence or absence of a buffer has an influence on the arrangement of samples in the NMDS plot 
and an influence on the upland border community (Figure 20). One main group consists entirely 
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Figure 20. Two-dimensional NMDS configuration of buffered (P) and unbuffered (A) plant 
species quadrat data from Wiggin (circle) and Stuart Farm (cross). Quadrats that are identified as 
the four main groups on the dendrogram in Figure 15 are circled (at least 30% similar). 
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However, when farms were labeled on the NMDS plot it was also apparent that a very 
strong site effect is influencing similarities between quadrats and consequent placement of 
quadrats on the NMDS plot (Figure 20). Two groups consist entirely of quadrats from Wiggin 
Farm, and one group consists almost entirely of buffered quadrats from Stuart Farm. The largest 
group contains unbuffered quadrats from Stuart Farm and buffered quadrats from Wiggin Farm. 
Therefore, it appears to be both the effects of buffer presence/absence and Farm that are having 
the greatest influence on the arrangement of the quadrats on the NMDS plots. 
Fertilization did not appear to have a strong effect on the groupings identified by the 
NMDS graph. When fertilized and control plots were labeled on the NMDS graphs, they were 
both scattered across all four main groups (not shown). A subset NMDS was performed on each 
farm quadrat data separately to determine if the strong site effect was masking the effect of 
fertilization on the plant communities. However, even within the sites, fertilization was not found 
to have a strong influence on the placement of quadrats on the subset-NMDS plots (Figure 21 & 
22). The buffer effect at Stuart Farm however is very evident through this "within-site" 
evaluation of quadrat similarities. The buffered and unbuffered quadrats were clearly arranged 
into two distinct groups on the Stuart Farm NMDS plot (Figure 21). Considering the strong 
buffer effect could be masking the effect of fertilization on plant species composition, a further 
NMDS sub-plot was created for each buffer type within each farm. Even at this small scale, no 
fertilization effect was found for either farm (Figures 21 and 22). The buffer effect at Wiggin 
Farm was also much more evident on the NMDS-subset plot. The unbuffered quadrats were 
placed in a tightly clustered group whereas the buffered quadrats were arranged in a disperse 
pattern across the NMDS-subset plot. The results of a two-way crossed ANOSIM confirmed that 
there was a significant difference between buffer groups (p<0.05), and a non-significant 
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Figure 21. NMDS subplots of Stuart Farm quadrats: A) all quadrats from Stuart Farm; B) 
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Figure 22. NMDS subplots of Wiggin Farm quadrats: A) all quadrats from Wiggin Farm; B) 
quadrats from unbuffered location only. 
A further analysis of possible fertilization effects on plant communities used the available 
nitrogen for plant uptake defined as the percent of nitrogen (N%) in Agropyron pungens leaves. 
This analysis assumes the N% in A. pungens leaves from each quadrat is representative of the N 
available to other plant species in each quadrat, and that no other differences between quadrats 
will influence N availability. However, an NMDS plot showing N%-classes as an indicator of N 
availability did not appear to have a strong effect on the plot arrangements (data not shown). 
Simple linear regression analyses were used to test if buffer width and leaf tissue N% 
were significant factors in the arrangement of plots on the NMDS. Regression analyses were 
used to evaluate the relationship between the loading values assigned to each plot for the two 
primary axes in the NMDS plot with buffer width and N%. Regression analyses confirmed the 
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strong effect of buffer width (r2=0.65; p<0.0001); and the weak effect of N% (r2=0.26; p=0.0003) 
on the arrangement of plots in the NMDS graph (Table 9). 
Table 9. Results of simple linear regression analyses of NMDS Axes values against N% in 
Agropyron pungens leaf tissues (an indicator of available N) and buffer width. 
Regression 
NMDS Axis 1 loading values by N% in Agropyron pugens leaf tissue 
NMDS Axis 1 loading values by buffer width 
NMDS Axis 2 loading values by N% in Agropyron pugens leaf tissue 











Bubble plots of the farm NMDS-subplots identified species that were driving the 
distribution of samples (Figure 23). Specifically, species that were found to be strongly 
influencing the clustering of quadrats by buffer class at each farm were identified for further 
analysis (Table 10). Aster tenuifolius L. and Solidago sempervirens L. were the only two species 
to occur primarily in plots where a buffer was present at both farms. However, a regression 
analysis of buffer width against the percent cover of S. sempervirens and A. tenuifolius found no 
significant relationships (r2 = 0.002 and r2 = 0.007 respectively). Juncus gerardii conversely, was 
found only at buffered sites at Wiggin Farm, but only at unbuffered sites at Stuart Farm. 
Therefore, it is likely that the apparent buffer effect on species composition is neither consistent, 
nor being driven by buffer width but simply by the presence of a buffer. Alternatively, the 
apparent buffer effect could simply be the result of other physical factors that differ between 
Farm (i.e. shade, salinity, etc.) 
Salt marsh borders at both farms had many species in common (Table 10). However, 
several species were unique to Wiggin Farm (Teucrium canadense L., Carexpaleacea Schreb. ex. 
Wahlenb., Distichils spicata), and some species were unique to Stuart Farm (Potentilla anserina 
L., Elymus virginicus L., Limonium nashii Small, Bulboshoenus maritimus (L.) Palla). An 
analysis of similarity (ANOSIM) identified the differences in plant communities between farms 
to be significant (p<0.01). The unique species at each site were probably causing the strong site 








IResemWanee: S17 BrayCurtis similarity 





/ • A / 








Figure 23. Example bubble-plot showing contribution of Solidago sempervirens percent cover on 
the distribution of samples in the NMDS Stuart Farm subplot. Plots are identified by a P or A to 
indicate buffer presence or absence respectively. 
Additionally, unique species found within sites at the buffered and unbuffered plots may 
be driving what appears to be the buffer effect, as opposed to buffer width. As apparent from 
Table 10, many plant species were responsible for the clustering of plots associated with buffers, 
whereas only a few species seemed to define plots in unbuffered locations. Therefore, there may 
not be a single species response to buffer presence, but a change in the overall plant community, 
such as a shift in species diversity. 
Table 10. Species identified on bubble plots of the NMDS farm subplots to be important in the 
































A diversity analysis was performed in PRIMER. The analysis yielded species richness as 
well as Shannon's, Pielou's, and Simpson's index values for each plot. All three diversity indices 
found significantly higher species diversity (richness and evenness) in the plots where buffers 
were present (p<0.001) (Figure 24). However, when regressed against actual buffer width, buffer 
width was found to explain only between 7 and 16% of the variation in plant species diversity 
between the plots (Figure 25). Once again, it appears as if the presence of a buffer may be more 
influential on species diversity than buffer width. 
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• Buffer Present 
Figure 24. Mean Shannon's (FT), Pielou's (J), and Simpson's (1-Lambda) diversity index values 
calculated for buffered and unbuffered plots from both farms (p<0.001). 
The same split-plot ANOVA model as previously used was performed on the diversity 
values to determine if there was a significant difference in species diversity (J, H, 1-Lamba) 
between fertilized and control, buffered and unbuffered plots from the two farms (Table 11). The 
split-plot ANOVA revealed a highly significant difference in species diversity index values for 
the buffered and unbuffered plots (Table 11), but no significant diversity index values between 
fertilized and unfertilized plots. Of note, no interaction effect was found between Buffer and 
Farm; therefore, the same effect of buffer presence was seen at both farms, with buffer presence 
increasing plant species diversity. 
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Model 
Buffer width x J 
Buffer width xH ' 
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Figure 25. Simple linear regression of A) Shannon's (FT), B) Pielou's (J), and C) Simpson's (1-
Lambda) diversity values of each plot plotted by buffer width. 
Table 11. Results from a split-plot ANOVA of diversity values between fertilized and control 
plots at buffered and unbuffered sites using data from both farms and years. Significant results 
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Subplot 
Fertilization 








































As fertilization appeared to have no effect on the species composition or diversity 
(Figures 21 & 22, Table 11), a two-way ANOVA of the effects of farm and buffer class on 
species richness was performed to further explore the plant diversity results. The two-way 
ANOVA identified no significant difference in richness between farms (F=0.01, p=0.92); but a 
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highly significant difference in richness between buffered and unbuffered plots (F=15.29, 
p=0.0003). The buffered plots had on average 33% greater species richness than the unbuffered 
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Figure 26. Species richness of plots by buffer type (A=absent; P=present), and farm (SF=Stuart 
Farm; WF=Wiggin Farm). 
Discussion 
Assumptions 
In this study, I did not account for potential differences in stressors among sites; the most 
important, perhaps, being soil salinity. Salinity can also play a large role in structuring the plant 
community (Pennings et al. 2005b). For instance, salinity has been found to inhibit nitrogen 
uptake by Spartina alterniflora (Bradley & Morris 1991), and may interfere with nitrogen uptake 
rates of other plant species, including A. pungens. Unfortunately, measurements of soil pore-
water salinities were not collected over the growing season at these sites, so I must assume that 
salinities at all sites were similar. This is reasonable because I avoided areas where freshwater 
seeps at the marsh edge may alter salinity; additionally, the two sites were only 1km apart along a 
50km estuary. 
Additionally, this study presumes that A. pungens leaf-tissue N-storage will be a good 
site-specific indicator of nitrogen availability for the entire upland border community. No 
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existing studies looking at the fertilization effects on A. pungens were found to confirm or reject 
this assumption. Agropyron repens L., a closely related species, has been thoroughly studied by 
Tilman in grassland successional studies. He found A. repens to respond positively to 
fertilization by enhancing biomass and increasing in abundance (Tilman 1987). Additionally, a 
review of many fertilization experiments found similar strong positive trends in the response of A. 
repens to fertilization across multiple sites (Pennings et al. 2005a). 
Buffer Effect on Nitrogen Uptake by Plants on the Upper Edge of Salt Marshes 
A primary role of vegetated buffers is absorption of excess nitrogen from surface water, 
groundwater, and sediments. Therefore, we expected to see plants growing in the absence of a 
vegetated buffer to have greater background levels of nitrogen in their leaf tissue due to greater 
nitrogen exposure relative to plants growing in the presence of a buffer. However, the results of 
this study contradicted expectations. Surprisingly, nitrogen uptake (and presumably availability) 
increased with increasing buffer width. A. pungens growing in plots associated with the widest 
buffer (123m) was found to have the highest leaf tissue nitrogen concentrations of all plots 
(Figure 15). 
There was a significant effect of fertilization on the concentration of nitrogen in A. 
pungens leaf tissue. The fact that A. pungens responded positively to fertilization at all sites by 
increasing the amount of nitrogen in its leaf tissue indicates that neither the buffered nor 
unbuffered sites were nitrogen-saturated prior to fertilization. If one site were nitrogen-saturated, 
we would have expected to see no response to the fertilization, or perhaps even a negative 
response due to "poisoning" or "burning" of roots or leaf tissue. The plants within the fertilized 
plots never showed any physical signs of N-burning. 
These two observations may lead one to infer that 1) nitrogen input to the salt marsh from 
the upland is minimal; 2) buffers act as a nitrogen source instead of a sink; or 3) nitrogen 
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availability, and therefore uptake, was controlled by conditions not associated with buffers (such 
as salinity, hypoxia, sulfides, etc..) that may have differed between sites (Chambers et al. 1998). 
However, it is clear from the shallow-groundwater chemistry results (Chapter II), that 
very high concentrations of nitrogen are leached from these farm fields (especially Wiggin Farm). 
These results also showed that the buffers are effective at removing some, but not all, of the 
nitrogen within the shallow-groundwater flowing through the buffer zone. In fact, the wells on 
the downslope side of the widest buffer at Wiggin Farm maintained an average nitrate 
concentration well above the MCL for nitrate (lOmg/L). Additionally, the chemistry results show 
that the buffers appeared to exhibit seasonal variation in nitrate uptake with less uptake occurring 
in the spring and fall when precipitation rates are higher and more N0 3 is moving in groundwater 
(Figure 11). Therefore, the spring and fall months may lead to pulses of nitrate delivered to the 
downslope habitat through the buffer in the shallow groundwater, regardless of the buffer width. 
Therefore, it is surprising that the highest leaf tissue nitrogen concentrations were not associated 
with plants growing adjacent to unbuffered sites, and additionally, that the highest leaf tissue 
nitrogen concentrations were not found in the salt marsh border at the Wiggin Farm, considering 
the export of nitrogen through the groundwater from the Wiggin Farm was over 30 times greater 
than Stuart Farm (see Chapter II). 
Perhaps the conflicting results for groundwater nitrogen concentrations and A. pungens 
leaf tissue nitrogen concentrations can most easily be interpreted as meaning that there is little 
interaction between the shallow-groundwater and the plants at the upland border community (see 
Chapter I). Salt marsh peats tend to have low permeability and force most discharge to occur 
either landward or seaward of the salt marsh zone (Harvey & Odum 1990). Impermeability of 
salt marsh peats has been shown through dye studies by Nestler et al. (1977). Thermal-infrared 
imagery was used by Portnoy et al. (1988) to similarly find groundwater discharge to primarily 
occur seaward of the salt marshes on Cape Cod. They concluded that groundwater was forced 
below impermeable marsh peat into more permeable substrate. Therefore, it is possible that the 
nitrogen that is delivered to the shallow sub-surface groundwater under these farm fields by-
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passes the salt marsh, and is delivered to the estuary at seepage faces on intertidal flats seaward of 
the salt marsh, as identified by Roseen (2002). If so, this groundwater passes through less 
biologically active soils and has reduced opportunities for denitrification or plant uptake before 
being delivered to the estuarine waters of Great Bay. 
If the groundwater path does avoid the rooting zone of the upper border of the salt marsh, 
then the main question becomes: what is responsible for elevating nitrogen levels at the buffered 
plots? Buffers have been found to retain nitrogen via plant uptake, but there is concern that this is 
simply a short-term retention system, since a large amount of nitrogen returns to the soil as litter 
(Pinay et al., 1993). This is especially so in mature forests as most nitrogen is stored in leaf 
material. Peterjohn & Correll (1984) found 81% of nitrogen uptake of agricultural riparian 
buffers in a small watershed in Maryland to be returned to the forest floor as leaf litter. 
Therefore, forested buffers can be considered either sources or sinks of nutrients depending on 
the season and system boundaries (Verchot 1997). 
It is possible that the wide buffer at Stuart Farm is acting as a source of nitrogen during 
the growing season. The 123m buffer is vegetated with a mature forest, and natural 
decomposition of the leaf litter may lead to a consistent source of nitrogen that is taken up by the 
downslope plants in the upper salt marsh. Hanson et al. (1994) studied a riparian buffer on a 
developed and undeveloped river shoreline in Rhode Island. They found litter within the buffer 
of the developed shoreline to be much higher in N than litter from the control site. They 
concluded that groundwater-N was taken up by plants in the buffer and deposited as litter within 
the buffer where it stimulated N-mineralization and nitrification and resulted in increased soil and 
groundwater N concentrations within the developed buffer as compared to a reference buffer 
(Hanson et al. 1994). N-resorption efficiency has also been found to be lower in fertilized salt 
marsh plants, with senescent leaves of fertilized S. alterniflora containing 43% more N per unit 
biomass than unfertilized plants (Drake et al. 2008). Therefore, nitrogen from decomposing plant 
material in the buffer may have a stronger effect than groundwater nitrogen on the nitrogen 
concentrations within salt marsh vegetation. In part this may be due to a consistent delivery, as 
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opposed to the intense nitrogen pulses received from managed farm lands found upslope. 
However, similar results were not found downslope of the forested buffer at Wiggin Farm, so 
more research would be needed to determine if this is an accurate interpretation of this data. 
There is recent interest in buffer vegetation management as a way to prevent stored 
nitrogen within a buffer from breaking down and continuing on a path through the buffer. 
Specifically, some studies are recommending periodic harvesting of trees to remove the nitrogen 
stored in plant material and encourage new, rapid, young growth of early successional species 
that would trap higher amounts of nitrogen through faster uptake rates (Lowrance 1992, 
Lowrance et al. 1984b). However, subsequent studies that have looked at the impact of buffer 
vegetation management have found no significant difference in nitrogen uptake from harvested 
versus unharvested forested buffers (Lowrance & Sheridan 2005, Hubbard & Lowrance 1997, 
Sheridan et al. 1999). 
Lastly, other factors may be controlling the uptake and availability of N at these sites. 
Wigand et al. (2003) found significant relationships between changes in plant species diversity 
and structure with nitrogen-loading in Rhode Island salt marshes. However, these results were 
confounded by the physical characteristics of the sites, such as slope, marsh area, and distance to 
bay mouth, which also correlated well with some structure and/or richness metrics. Therefore, 
they concluded that the differences in plant structure and species richness in New England salt 
marshes may be in response to a combination of natural factors as well as a multitude of 
anthropogenic stressors. Similarly, differences in physical characteristics between Stuart and 
Wiggin Farm may have played a large role in determining N-availability. For example, at Stuart 
Farm, the buffered plots were partially shaded by oaks and pines on a west facing slope; whereas, 
the remaining plots were mostly in full sun. Potential light limitation at the Stuart Farm buffered 
plots may have slowed growth rates and allowed N accumulation in the leaves of A. pungens. 
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Response of A. pungens to Fertilization 
Species that are good competitors for belowground nutrients excel when nutrients, such 
as nitrogen, are limiting. If sparse nutrients become abundant and can be claimed easily by other 
species, the species with skills specialized for low nutrient levels will have a lowered competitive 
edge over species that are better competitors for the next-most limiting resource. This 
phenomenon was studied in detail by Tilman (1985) and lead to his resource-ratio hypothesis, 
which states that species are specialized on different proportions of limiting nutrients, and that the 
composition of a plant community should change as the availability of the limiting nutrients 
change. Plant communities subjected to high nitrogen levels have been found to consistently 
replace species of short stature with species of taller stature, decrease in the amount of light 
penetration, and increase in total biomass (Tilman 1987). These results indicate that competition 
shifts from belowground nutrients, to aboveground resources, such as light (Tilman 1985, Wilson 
& Tilman 1993). 
Although A. pungens in fertilized plots had greater nitrogen in leaf tissue (N%) (Table 8) 
and greater N% was generally correlated with taller A. pungens stems (Figure 18), culms of A. 
pungens were not found to significantly increase in height (Table 8) or abundance (Table 11) with 
fertilization. A. pungens is a rhizomatous, non-leguminous, perennial plant of tall stature, and 
would be expected to increase in height and abundance in situations with increased available 
nitrogen according to the patterns of plant dominance along nitrogen gradients seen in similar 
studies (Tilman 1987, Minchinton & Bertness 2003, Suding et al. 2005). However, strong 
patterns of response to fertilization have been consistently observed in only a small fraction of 
species included in many experiments looking at plant competition along nutrient gradients 
(Pennings et al. 2005a, Tilman 1987). Of note, Spartina pectinata Link (a plant of similar stature 
which occupies the same marsh ecotone) was also not found to respond to increases in nitrogen 
by dramatic increases in biomass (Rickey & Anderson 2004). 
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One possible explanation for the lack of a strong height response by A. pungens to 
fertilization could be explained by the nitrogen saturation hypothesis (Aber et al. 1998). Nitrogen 
saturation has been defined as the availability of ammonium (NH4) and nitrate (NO3) in excess of 
demand for plant and microbial nutrition (Aber et al. 1989). The results of Figure 16 show that 
plants growing in high N-environments (the 123m buffer at Stuart Farm) incorporated less 
fertilizer-N into their plant tissue than plants growing in plots with less available N. As the 
control plots associated with the 123m buffer at Stuart Farm had greater N% than all other 
fertilized plots (except the 123m fertilized plots), the height and N% response to fertilization at 
this site was minimal (average height change of-0.76cm over 2 years). These results suggest that 
the nitrogen concentrations of the N-rich upper-salt marsh at Stuart Farm is nearing or at N-
saturation. 
Mendelssohn (1979) found similar results when comparing leaf-tissue N-assimilation by 
short and tall form Spartina alterniflora from the high and low marsh respectively. He found the 
greatest N% response to N-fertilization in the short form of S. alterniflora in the high marsh 
where N03 was present, but found to be less available than in the low marsh. Similarly, a two-
year N-fertilization study on Plum Island, MA found reference salt marshes able to sequester 5 
times the incoming dissolved N03 in tide water than fertilized marshes. They concluded that the 
diminished response by the fertilized salt marsh plants to N inputs was due to nitrogen saturation 
(Drake et al. 2008). 
Although one may expect higher foliar N to support increased photosynthesis and greater 
growth rates, excessive nitrogen has been found to cause the exact opposite and result in declines 
in growth and greater mortality. Long term nitrogen fertilization experiments of forests in the 
northeastern USA have resulted in increased foliar nitrogen, decreased net primary production, 
and increased tree mortality (Magill et al. 2004, Aber et al. 1998). Pine stands at the Harvard 
Forest Long Term Ecological Research Station in Massachusetts had 56% of stems die following 
15 years of high N-fertilization (15 g N m2/year). Analogous changes to salt marsh productivity 
and mortality induced by nitrogen enrichment have not been observed in New England, but some 
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studies are pointing to a limit to the N-absorption abilities of salt marshes (Drake et al. 2008, 
Mendelssohn 1979) whereas others hypothesize that changes in biodiversity and denitrification 
rates will follow (Wigand et al. 2004, Minchinton & Bertness 2003). 
Foliar N has been found to be a consistent measure of soil N-availability, and many 
estuarine and terrestrial plant species have documented an increase in foliar-N with increased 
exposure to N whether due to atmospheric deposition (McNeil et al. 2007), fertilization (Magill et 
al. 2004, Drake et al. 2008), tidal flooding (Mendelssohn 1979), or land-use history (Ollinger et 
al. 2002). In Harvard Forest, red pine started to markedly decline when foliar nitrogen exceeded 
2% (Magill et al. 2004). However, hardwoods were found to have a higher percentage of N in 
their leaf tissue (1.6-2.3%), a greater tolerance of high N-inputs, and no growth rate declines with 
fertilization (Aber et al. 1998, Magill et al. 2004). Therefore, tree species can differ in their 
ability to assimilate and tolerate high levels of nitrogen. Similarly, foliar N% in eelgrass has been 
found to be a good indicator of N-availability in an estuarine water column. Nitrogen in excess of 
3% in eelgrass leaf tissue was found to indicate highly nutrient enriched water (Short & Burdick 
2003). 
This study found foliar N of A. pungens to range from 2.9% to 4.4%. Considering plant 
height generally increased with foliar N levels (Figure 15), it would appear that N-saturation was 
not quite reached by this species even at 4.4% foliar-N. However, the reduction in uptake by A. 
pungens plants growing in N-rich sites perhaps indicates that the species was hearing N-
saturation and symptoms of N-saturation could be expected with continued fertilization (Figure 
16). If this is the case, the Stuart Farm buffered site should be closely monitored for signs of 
invasive species establishment and native species die-back. 
Community Level Effects of Fertilization 
Nitrogen is generally considered the limiting nutrient in salt marsh plant communities 
(Mitsch & Gosselink 2000). Increases in development and agriculture in the coastal watershed 
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have resulted in estuaries and salt marshes receiving excessive nitrogen loads from surface water 
runoff and groundwater. Naturally occurring monocultures of the common salt marsh plants have 
all exhibited positive responses to fertilization; but when intermixed with other species, 
competition for resources and stress tolerance often leads to one species displacing another 
(Emery et al. 2001). Current research has focused on the competitive relationships between the 
most common salt marsh species and the non-native variety of Phragmites australis. Fertilization 
experiments in the low and high salt marsh have led to many changes to the plant community 
including Spartina alterniflora out-competing Spartina patens; S. patens out-competing Juncus 
gerardii; and Distichlis spicata displacing both J. gerardii and S. patens (Emery et al. 2001, 
Levine et al. 1998). In each case, the species that was the inferior competitor in "natural" 
conditions became released from the competitive battle for nitrogen and in turn displaced their 
once dominant neighboring species when nitrogen levels were elevated (Levine et al. 1998). 
Thus the competition shifts, as predicted by Tilman's resource ratio hypothesis, from competition 
for nitrogen (below-ground resources), to competition for light and space (above-ground 
resources) (Tilman 1985). In addition, expansion rates of the non-native Phragmites into salt 
marshes has been found to increase under elevated nutrient levels, as Phragmites has been found 
to allocate more energy into growing above-ground biomass, making it a better competitor for 
space and light resources than native plants (Minchinton & Bertness 2003, Rickey & Anderson 
2004). 
Fertilization of the upland edge community for two years resulted in no major shift in 
community composition (Figures 21 & 22). It is unlikely that a plant community will show 
noticeable shifts in species composition in the 2-year timeframe of this study. Curiously, the 
plots in the most N-rich location (adjacent to the 123m buffer at Stuart Farm) were dominated by 
Potentilla anserina, a low-growing forb with physical traits not characteristic of high N-sites. 
Therefore, the amount of available N appeared to have minimal effect on the predicted 
community structure and composition at this site. 
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However, closer examination of the salt marsh species with known responses to nitrogen 
fertilization did reveal some potential trends. The fertilized plots appeared to gain more S. 
alterniflora, S. patens, and A. pungens and lose J. gerardii as compared to unfertilized plots 
(Table 12). Although statistically insignificant, these trends indicate that community level 
changes similar to those documented from salt marsh fertilization experiments in the low and 
high marsh (Emery et al. 2001, Levine et al. 1998) could occur in the upland border community. 
Table 12. Mean percent cover ofJuncus gerardii, Spartina alterniflora, S. patens, and 




























P value 0.33 0.26 0.303 0.48 
Effect of Buffers on Species Diversity of Upper Salt Marsh 
The multivariate analysis revealed a distinct difference in species composition between 
buffered and unbuffered plots. Although a few species were identified as occurring in either 
buffered or unbuffered locations, there was not a strong single species response. It appears that 
the greatest difference between the buffered and unbuffered salt marsh plant community is in 
species diversity. Plant diversity and species richness within the upper salt marsh was 
significantly different between sites with intact buffers and those without. Salt marshes with 
intact buffers were found to be significantly more diverse and to be 33% more species rich than 
those without an intact buffer. This is especially puzzling considering nitrogen availability 
appeared to increase with buffer width, and many studies report a decrease in species richness 
with fertilization (Tilman 1987, Suding et al. 2005). 
Rhode Island salt marshes with intact buffers were found to have three times greater 
species richness and a different species composition in the upland border community than salt 
marshes without intact buffers (Silliman & Bertness 2004). These correlations were driven by 
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Phragmites australis establishment at unbuffered sites, and explained by increased nutrient input 
from upland land uses and decreased salinity from freshwater runoff (Silliman & Bertness 2004). 
Similarly, Wigand et al. (2003) found species diversity in salt marshes to decrease as nitrogen 
load and residential development in the associated subwatershed increased. 
Pore-water salinity was not measured at the experimental field sites, but was shown to be 
uncorrelated with buffer width at the well sites of the two farms (Chapter II, Figure 12). Future 
studies of the upland border of salt marsh should include salinity and shade as potential factors 
driving community change or differences between sites. The results found by Silliman & 
Bertness (2004) were largely driven by the strongly positive correlation of Phragmites invasion 
and shoreline development. As the aggressive Phragmites is well known to out-compete native 
plants in freshwater and marine environments (Chambers et al. 1999), it is interesting to note that 
similar differences in species diversity were noted for the Great Bay buffered and unbuffered 
plots included in this study although Phragmites was not present at any of the fertilized or 
unfertilized plots. Therefore, another of the many buffer functions such as freshwater run-off 
interception, shade, or litter deposition could be playing an important role in determining species 
diversity and additionally excluding invasive species establishment such as Phragmites australis 
at these sites. 
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CHAPTER IV 
VEGETATED BUFFER WIDTH AND SALT MARSH SPECIES COMPOSITION 
Introduction 
Buffers of natural vegetation along water bodies and streams are widely recognized as 
providing multiple water quality benefits (Desbonnet et al. 1994). These benefits include 
intercepting surface and groundwater that may be carrying anthropogenically derived nitrogen 
and other pollutants. Therefore, buffers are seen as an excellent tool to prevent eutrophication of 
marine and estuarine systems, where nitrogen is the limiting nutrient. 
The shoreline of the Great Bay estuary and tidal rivers are highly threatened by the rapid 
pace of development in the region (Sunquist & Stevens 1999). As residential development in 
coastal watershed has been directly linked to an increase in anthropogenic-N in groundwater and 
estuarine biota, the preservation and functions of coastal shoreline buffers are increasingly 
important (Valiela et al. 1997b, Valiela et al. 1992). Inadequate shoreline buffers will be unable 
to process anthropogenic-N through plant uptake or denitrification and result in N-delivery into 
the estuarine system. Since salt marshes fringe almost the entirety of the Great Bay shoreline, 
they are the most likely estuarine environment to first encounter nitrogen from upslope sources. 
The plant community at the upland border of salt marshes is an assemblage of diverse grasses, 
sedges, and forbs that is minimally stressed by anoxia, salinity, and flooding. Loss of shoreline 
buffers (Silliman & Bertness 2004) and increased N-loads (Wigand et al. 2003) have resulted in 
changes to this plant community in Narragansett Bay, RI. Additionally, results from Chapter III 
showed an interesting plant community response to buffer width and presence that may be 
explained through the primary buffer functions. 
As previously discussed, species zonation in a salt marsh is determined by resource 
limitation (Bertness 1991a, 1991b). Therefore, addition of nitrogen (the primary limiting nutrient 
in salt marshes) has been found to induce competitive shifts in the high salt marsh plant 
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community (Levine et al. 1998, Minichinton & Bertness 2003). Specifically, competition has 
shifted from below-ground nutrients to above-above ground resources, such as light. Taller 
species, such as Spartina alterniflora, have been found to outcompete the N-fixing Spartina 
patens when nitrogen is abundant (Levine et al. 1998). Therefore, the width of a naturally 
vegetated buffer adjacent to a salt marsh may affect the amount of nitrogen the marsh is exposed 
to and may influence species composition in the relatively diverse upland border community of 
salt marshes. 
Desbonnet et al. (1994b) compiled data from many studies on inland streams and lakes 
on specific buffer functions and buffer widths. He concluded that 5m wide buffers have been 
shown to remove 50% of several pollutants including phosphorus but have little effect on 
nitrogen levels; whereas a 60m wide buffer removed up to 80% of sediment and attached 
pollutants including 80% of nitrogen. The relationship between buffer width and pollutant 
removal has been found to be non-linear, with optimal buffer efficiency occurring at 80% 
removal, and after this, large increases in buffer width are required to remove smaller percentages 
of pollutants (Desbonnet et al., 1994b). Consequently, buffer widths beyond 60m have been 
found to have smaller reductions on pollutant levels. In this Chapter, I further explored the 
upland marsh edge plant community response to buffer presence and width by surveying multiple 
salt marshes around the Great Bay Estuary. The main hypothesis under investigation is whether 
species composition at the upper salt marsh edge is influenced by buffer width. Additionally, if a 
difference in species composition is discovered, does it mimic the plant community differences 
previously documented in nitrogen fertilization experiments? 
Methods 
The current width of naturally vegetated buffers of salt marshes around Great Bay and the 
tidal portions of the five main rivers draining into Great Bay were mapped using a Geographic 
Information System (GIS). Vegetated buffers were hand digitized in ArcGIS 9.0 on 2003 true-
80 
color digital aerial photographs (lm resolution) from the National Agricultural Imagery Program 
(NAIP) produced by the US Department of Agriculture (NH GRANIT 2005). Buffer polygons 
were drawn to include all forested land extending from the salt marsh upland edge to the nearest 
upslope non-forested or anthropogenic feature on the landscape (i.e. corn field, lawn, house, golf 
course, road, etc.). Salt marsh was identified on the aerial photographs using a combination of 
aerial photo interpretation and the National Wetlands Inventory GIS shapefiles. Buffers were 
delineated for any visible salt marsh area on the aerial photographs. However, narrow fringing 
low marsh was often inconspicuous; therefore, it was not included in the GIS analysis. 
Using GIS, the digitized buffer polygons adjacent to the salt marshes of Great Bay were 
divided and classified into three buffer width categories based on potential nitrogen reduction 
identified in the review by Desbonnet et al. (1994b) and the resolution of available aerial 
photography: no buffer (0 - 5m), moderate buffer (6-59m), and large buffer (>60m). 
The results of the GIS analysis were used to identify salt marshes around Great Bay that 
had a stretch of natural buffer at least 75 meters in length in each of the three buffer width 
categories. Of these, six sites were selected for vegetation sampling: Bellamy WMA, Mill River, 
Wiggin Farm, Lubberland Creek, Portsmouth Country Club, and Stuart Farm (Figure 27). The 
land upslope from these salt marshes at these sites included a golf course, hayfields, cow pasture, 
and corn crops. These sites are located both on Great Bay and along the tidal tributaries. Fifty 
meter transects were run along the upland edge of the salt marsh, lxlm plots were placed at 10m 
intervals along the 50m transect. Quadrat placement avoided locations where freshwater streams 
flowed into a marsh or areas where groundwater was actively seeping along the marsh shoreline. 
As such, several large stands of Phragmites australis were excluded from the survey.. All plant 
species within each plot were identified and their percent cover estimated. To help with percent 
cover estimates, plots were divided into nine equal parts with wooden dowels, and paperboard 
squares depicting 1% and 5% cover were available for comparisons. Before each day of 
sampling, an exercise sheet showing examples of different percent covers with differing 
distributions was reviewed to help train the eye. I estimated all species percent cover for all sites. 
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The Flora of Maine (Haines & Vining 1998) was used as the primary botanical taxonomic 
reference and plant species identification key. Vegetation data was pooled for each transect at 
each site and resulted in a sample size of 18. 
Soil salinity was determined for each quadrat using the methods of Silliman & Bertness 
(2004). Specifically, a 3cm by 5cm soil core was extracted from each quadrat and the soil pore 
water was squeezed onto a refractometer to determine the salinity. Soil salinity determined in this 
way by Silliman & Bertness (2004) was found to be a good indicator of surface water runoff from 
the surrounding upland. 
Statistics 
Multivariate data was analyzed using PRIMER (© Primer E-Ltd. 2006, 6.1.6). 
A similarity matrix was calculated using the Bray-Curtis similarity coefficient for assessing 
similarities between the untransformed percent cover data from each quadrat ("sample") for 
pooled transect data. Hierarchical agglomerative clustering techniques (using group-average 
linking) were used in PRIMER to create a dendrogram of the samples. The similarity matrix was 
analyzed using non-metric multi-dimensional scaling (NMDS), to generate a plot of the quadrats 
in 2-dimensional space. Patterns in the sample distribution on the ordination plot were identified 
using factor labeling. 
To test for significant differences in buffer width on the arrangement of plots in the 
NMDS, multivariate Analyses of Similarity (ANOSIM) were performed in PRIMER. The 
ANOSIM test is built on a simple non-parametric permutation procedure applied to the rank 
similarity matrix. PRIMER uses the rank similarity index values for all pairs of replicates within 
sites to calculate a test statistic (R) as described in Chapter III (Clark & Warwick 2001). The 
sample design used in this experiment involves six sites (WF, SF, B, PCC, LC, MR), with 
replicates of the three buffer levels (0-5m, 5-60m, >60m). A two-way crossed ANOSIM was 
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carried out in PRIMER. In this case, the null hypothesis being tested is that there is no difference 
in plant communities between the three buffer types, with site being used as a blocking factor. 
PRIMER was also used to calculate Shannon's Index, Pielou's, and Simpson's diversity 
values for each transect. Diversity values were imported into JMP for simple linear regression 
analysis against buffer width. Additionally, a standard least-square ANOVA was performed on 
the data to determine if there was a significant difference in species diversity (J, H, 1-Lamba) 
between the three buffer width categories. 
Figure 27. Map of the Great Bay Estuary showing the location of the six salt marsh sites with 
buffer widths falling into three width categories. The upper edge salt marsh vegetation was 
sampled at each site within each buffer width class. 
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Results 
The GIS analysis revealed that 72% of the total salt marsh shoreline around Great Bay is 
currently buffered by an intact forest or natural lands greater than 60m in width; 15% has buffers 
between 5-60m; and 13% of the salt marsh shoreline of Great Bay has buffers less than 5m wide. 
Figure 28 shows the different types of land use within a 60m buffer from the upper edge of all the 
salt marshes around the bay. 
A total of 61 species was identified from the 18 transects (See Appendix 1). A 
dendrogram of the similarities between transects is shown in Figure 29. The dendrogram shows 
the vegetation data generally falling into 5 main groups (at 30% similarity). The NMDS plots in 
Figure 30 shows the 2-D configuration of the quadrat data (stress = 0.19). The solid-line circles 
on the NMDS plot show the five main groups identified in the dendrogram (Figure 29). 
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Figure 29. Dendrogram of pooled transect data from each site (LC = Lubberland Creek; MR = 
Mill River; PCC = Portsmouth Country Club; WF = Wiggin Farm; SF = Stuart Farm; B = 
Bellamy River). The number following the site code indicates the buffer width category of this 
sample (1 = <5m; 2 = 5-60m; 3 = >60m). 
An ANOSIM was performed to test for a significant effect of buffer width and site on the 
arrangement of plots in the ordination. The ANOSIM results showed no significant effect of 
buffer width (R = 0.2; p = 0.19) or site (R = 0.2; p = 0.07) on the arrangement of points on the 
ordination plot. 
Furthermore, the NMDS loading values calculated for each transect were plotted against 
actual buffer width to determine if buffer width had significant influence on the loading values 
assigned to each transect. Figures 31 shows that almost none of the variation in the Axis 1 or 2 
loading values can be explained by buffer width (r2 = 0.0009 and 0.0707 respectively). However, 
to account for variability among sites, an ANCOVA was performed which took into consideration 
the site effects as well as the buffer effect. Once again, the results showed no significant effect of 
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site (F = 1.74; p = 0.20) or buffer (F = 0.008; p = 0.93) on the arrangement of plots in the NMDS 
ordination. 
Transform: None 
Resemblance: S17 Bray Curtis similarity] 








Figure 30. Two-dimensional NMDS ordination of the pooled transect data from each site and 
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Figure 31. Axis 1 (right) and 2 (left) loading values from NMDS ordination plotted against 
transect buffer width. 
An average salinity value was calculated for the soil pore water from each transect, and 
this value coded as either Polyhaline (>25ppt), Mesohaline (17-24ppt); or Oligohaline (<16ppt) 
(Figure 32). An ANOSIM was performed to test for an effect of salinity on the plot configuration 
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in the ordination. The results of the ANOSIM found no significant salinity difference between 
sites (R = 0.434; p = 0.054), and found no significant effect of salinity within sites on the 
arrangement of points on the ordination plot (R = 0, p = 0.617). When the transect NMDS 
loading values were regressed against mean transect salinities, salinity was found to explain a 
minor amount of the variability in the loading values (12% of the variability in Axis 1, and 6% of 
the variability in Axis 2) (Figure 33). 
Origin 
Transform: None 
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Figure 32. Two-dimensional NMDS ordination of pooled transect data with sites and salinity 
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Figure 33. Axis 1 (right) and Axis 2 (left) loading values assigned to each transect through the 
two-dimensional NMDS ordination plotted against mean transect salinity. 
87 
A least squares model regressing salinity on buffer width from the 18 transects is shown 
in Figure 34. Surprisingly, buffer width was found to account for almost none of the salinity 
variation between sites (r2 = 0.002). 
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Figure 34. Mean transect salinity plotted against mean transect buffer width. 
Species data were analyzed to test for an effect of buffer width on plant species diversity. 
PRIMER was used to calculate diversity indices. Pooled data from each transect was used in the 
analysis. PRIMER calculated the species richness (S), total number of species (N), Pielou's 
evenness (J'), Shannon's Index (H'), Fisher's, and Simpson's (Lambda-1) diversity indexes for 
each transect. The resulting table of diversity values was exported into JMP for further analysis. 
A least squares regression model was used to determine if there is a relationship between 
plant species diversity and buffer width. The regression analysis was repeated for each of the 
four diversity indices calculated for the transect data. The regression results are shown in the 
following chart (Table 13). Contrary to the results of Chapter III, there was no buffer width 
effect on species diversity. Additionally, there was no significant difference in species richness 
between the three main buffer width categories (F = 2.08; p = 0.1569) (Figure 35). 
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Table 13. Results of simple linear regression of diversity index scores and species richness 
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Figure 35. Mean species richness for transects from each buffer category: 1 = 0-5m; 2 = 5-60m; 
3 = >60m. 
Finally, each species was classified as either native or non-native based on its 
classification by the online USDA PLANTS database, the Flora of Maine (Haines & Vining 
1998), and the online NatureServe database. A two-way ANOVA was used to identify if there is 
an effect of the mean percent cover or species richness of native or non-native species by buffer 
width (1 = 0-5m; 2 = 5-60m; 3 = >60m). Results of the two-way ANOVA found all buffer 
widths to have similar native and non-native species richness, with native species richness being 
significantly higher than non-native species richness (p<0.000; Figure 36). Additionally, native 
species were found to have variable, but generally higher cover than non-native species (p=0.02; 
Figure 37); although significant differences between native and non-native species cover was 
found only in the medium buffer width category (Figure 37). Simple linear regression of species 
richness plotted against actual buffer width resulted in an r2 of 0.079 for introduced species and 















plotted against actual buffer width resulted in an r2 of 0.0541 for introduced species and an r2 of 
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Figure 36. Species richness (S) of introduced and native species within the upland marsh border 
at each buffer width and results of a two-way ANOVA between origin (native vs. introduced) and 
buffer width code (1,2,3) with an interaction effect. 
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Figure 37. Mean percent cover of introduced and native species for transects from each buffer 
width category (1 = 0-5m; 2 = 5-60m; 3 = >60m); and results of a two-way ANOVA between 
origin (native vs. introduced) and buffer width code (1, 2, 3) with an interaction effect. 
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Results of a two-way ANOVA on the mean percent cover of native versus non-native 
species % cover by site shows once again that introduced species had significantly lower percent 
cover at sites than native species (p = 0.01). This trend was seen at all sites except at the 
Portsmouth Country Club which is actively managed as a golf course, and was quite likely the 
site that received the most physical disturbance and fertilizer inputs (Figure 38). 
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Figure 38. Mean percent cover of introduced and native species from each site. B = Bellamy, SF 
= Stuart Farm, MR = Mill River, LC = Lubberland Creek, WF = Wiggin Farm, PCC = 
Portsmouth Country Club and results of a two-way ANOVA between origin (native vs. 
introduced) and site with an interaction effect. 
Discussion 
The results of this system-wide salt marsh botanical survey do not support the conclusion 
that wider buffers along salt marshes support greater diversity of plants along the upper border of 
the marsh of Chapter III. Overall, there was no plant community response (community structure, 
diversity or exotics) to buffer width. Furthermore, there was no site effect found on plant 
community assemblages either. This is somewhat surprising considering the range of physical 
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conditions and N-contributing land uses of the lands adjacent to Great Bay. This study generally 
assumed that salt marshes without naturally vegetated buffers would receive more nutrients from 
the immediately upslope land use and the greater nutrient supply would result in alterations in the 
plant community. Included in this survey was a golf course, a dairy farm, three fields with corn 
crops, and two hay fields. Considering the hayfields are not regularly fertilized, a subset-NMDS 
was re-run on the data excluding the hay field sites to see if a buffer effect could be discerned. 
However, the two-way ANOSIM of the subset resemblance matrix once again revealed no 
significant effect of site (R = 0.28; p = 0.19) or buffer width category (R = -0.083; p = 0.66). 
Many studies have documented a loss in plant species diversity (Clark & Tilman 2008, 
Wedin & Tilman 1996) and shifts in the plant community (Boyer & Zedler 1999) following 
increased atmospheric N-deposition or fertilization. Often times this loss in species diversity is 
led by an insurgence of non-native plants (Green & Galatowitsch 2001, Silliman & Bertness 
2004). However, a general loss in rare species or species of low abundance has also been 
observed through fertilization (Clark & Tilman 2008, Suding et al. 2005). Additionally, species 
with functional mechanisms advantageous in N-poor soils such as nitrogen-fixing abilities have 
been found to disappear in fertilization experiments regardless of their initial abundance (Suding 
et al. 2005). For example, nitrogen fertilization of salt marshes has found a decrease in the 
abundance of N-fixing Spartinapatens (Levine et al. 1998). 
A closer look at the NMDS ordination plot in Figure 30 does reveal a trend that may be 
somewhat related to these findings. The circles defining groups on the NMDS plot indicate 
transect similarity as defined by the similarity matrix and dendrogram. Groups including many 
transects can be identified at the 30% similar level, but very few transects are more than 70% 
similar. When examining species similarity between transects from each site on the NMDS plot, 
the two buffered transects (2 & 3) were consistently more similar than the unbuffered transect (1). 
Interpreting this pattern is difficult because the ordination did not result in a consistent shift in the 
unbuffered transect from each site along either axis. Therefore, this pattern is probably not in 
response to any one species or environmental gradient. However, it may be in response to species 
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unique to each site that only or never occurred at the unbuffered location. Table 14 shows that 
more unique species were consistently found at unbuffered sites than buffered sites. However, 
the mean difference in numbers of unique species between buffer widths was not significant (F = 
2.675; p = 0.1015). 

















These unique species included several weedy species such as Phragmites australis, 
Phalaris arundinacea L., and Typha angustifolia L., as well as sun-loving upland herbs and 
shrubs that co-mingled with the salt marsh plants at the upland edge such as Toxicodendron 
radicans (L.) Kuntze, Achillea millifolium L., Poa pratensis L., and Rosa palustris Marsh. 
Therefore, the lack of direction in unbuffered plot placement in the ordination plot could be 
explained by the numerous unique species found in the unbuffered locations that are not shared 
with nearby transects at the same site with wider buffers. Therefore, the presence or absence of a 
buffer appears to be only one in a combination of characteristics at each of the sites, including N-
input and sun exposure that are responsible for determining the plant species composition. 
Considering the apparent abundance of weedy species at the narrow buffer sites, I further 
explored the abundance of introduced and native species at each site. Although introduced 
species had greater percent cover and species richness in salt marsh plots with narrow buffers the 
results were not significant. 
Overall, the upper edges of salt marshes around Great Bay appear to be maintaining 
species diversity in the absence or presence of a buffer. The mean species richness at unbuffered 
and buffered plots was not significantly different (16.8 and 13.7 species respectively). These 
numbers far exceed the mean plant species richness reported from a similar study (which included 
over 6 times the sampling area per site) of unbuffered (2 species) and buffered (6 species) salt 
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marsh edges in Rhode Island (Silliman & Bertness 2004). However, the Rhode Island unbuffered 
marshes were largely dominated by Phragmites, which is known to severely compromise species 
diversity (Chambers et al. 1999). The difference in Phragmites response to buffer 
absence/presence between Rhode Island salt marshes and Great Bay salt marshes may likely be 
driven by differences in groundwater and surface water flow paths and consequently, nitrogen 
availability de rived from anthropogenic activities/land uses. In heavily developed shoreline 
areas, increases in impervious surfaces can result in higher amounts of surface water flow as 
opposed to groundwater flow, and may decrease salinity and increase nitrogen input to the salt 
marsh upland border. It may be that the developed shorelines of the Rhode Island study had 
greater impervious surface cover, thus greater surface water flow into their marshes. 
Groundwater can be a major source of anthropogenic nitrogen to coastal systems (Valiela et al. 
1992, Staver & Brinsfield 1996). But if the groundwater flow path avoids the salt marsh peats, as 
appears to be the case in Great Bay (Chapters II & III), then little response in the salt marsh plant 
community can be expected (Portnoy et al. 1998). 
Through N-isotope studies, Rhode Island salt marsh plant tissue-nitrogen has been linked 
to upslope sources of anthropogenic nitrogen. Specifically, the ratio of the S15N isotope in Iva 
frutescens and Phragmites australis plants growing on the upland edge of salt marshes was found 
to be a good indicator of agricultural (fertilizer) or residential (septic wastewater) near-shore land 
use (Wigand et al. 2007). Results from Chapter III indicate that in the Great Bay system there 
may be little interaction between near-shore anthropogenic N traveling in groundwater and the 
upper edge salt marsh plant community. Studies of marshes on Cape Cod have similarly found 
N-polluted groundwater to be diverted under salt marsh peats and directly delivered to estuarine 
waters at submarine groundwater seeps (Portnoy et al. 1988). Considering the lack of plant 
community response, it seems likely that groundwater-N in the Great Bay system follows a 
similar hydrologic path as Cape Cod marshes and avoids interaction with the living salt marsh 
rooting zone. 
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All transects and vegetation data were collected at locations where no visible 
groundwater was seeping from the upland edge. However, it is not unusual to encounter a seep 
upslope from the salt marsh edge around the Great Bay estuary. From casual observation, it 
appears that Phragmites australis has a strong association with these locations regardless of the 
buffer characteristics. Chapter II results showed that considerable nitrate can be moved by 
shallow groundwater from intensive near-shore land uses. Therefore, the high nitrate and low 
salinity environment at these isolated freshwater seepage faces may provide conditions ideal for 
Phragmites establishment and survival. However, the more commonly encountered salt marsh 
edge of Great Bay may be somewhat resilient to the establishment of Phragmites and other non-
native species due to the deep groundwater path which diverts freshwater and nitrates to 
unattainable depths beneath the salt marsh peats. 
Overall, the majority of salt marshes in the Great Bay Estuary (72%) are buffered by 
naturally forested land that exceeds the recommended 60m buffer width in Desbohnet et al. 
(1994b). However, thirteen percent of Great Bay salt marshes were found to have minimal 
buffers (<5m wide), and these poorly buffered marshes were often associated with intensive land-
uses such as farms, golf courses, and residential development. As previously noted, the location 
and width of these pre-existing buffers may likely indicate differences in soil productivity, slopes, 
etc. between sites. Therefore, the areas with wider buffers may have remained intact due to less 
desirable conditions for farming or development. 
Although the ordination identified the plant community of the upland marsh border of the 
minimally buffered salt marshes to be slightly different than the salt marshes with wide buffers at 
each site, no significant or consistent plant community difference was discerned. This may have 
been due to other physical factors which are also important in structuring the community (e.g., 
shade). Species richness in the upland marsh border of the Great Bay sites was relatively greater 
than in Rhode Island, which is likely the result of differences in surface and groundwater flow at 
these two estuaries. Although species diversity appeared high even at the Great Bay sites with 
minimal buffers, non-native species were found to make up a considerable portion of species and 
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have a disproportionate share of cover compared to native species. These results deliver a subtle 
warning to land managers that intensive land-based activities, such as golf courses, and increased 
impervious surfaces within 60m of marshes will serve to negatively impact the relatively diverse 
plant community at the upland marsh border around Great Bay. 
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APPENDIX A: Plant Species Lists 
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